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ABSTRACT

The transport of viruses in groundwater is a complex process controlled by both
hydrodynamic and reaction parameters. Characterizing the transport of viruses in
groundwater is of crucial importance for investigating health risks associated with
groundwater consumption from private individual or residential pumping wells.
Setback distances between septic systems, which are the source of viruses, and
pumping wells must be designed to offer sufficient groundwater travel times to
allow the viral load to degrade sufficiently to be acceptable for community health
needs. This study consists of developing numerical simulations for the reactive
transport of viruses in the subsurface. These simulations are validated using
published results of laboratory and field experiments on virus transport in the
subsurface and applying previously developed analytical solutions. The numerical
model is then exploited to investigate the sensitivity of the fate of viruses in
saturated porous media to hydraulic parameters and the coefficients of kinetic
reactions. This sensitivity analysis provides valuable insights into the prevailing
factors governing health risks caused by contaminated water in private wells in
rural residential contexts. The simulations of virus transport are converted into
health risk predictions through dose-response relationships. Risk predictions for a
wide range of input parameters are compared with the international regulatory

health risk target of a maximum of 10~*infections/person/year and a 30 m setback
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distance to identify critical subsurface contexts that should be the focus of

regulators.
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Highlights

¢ Numerical simulations for the transport of viruses in aquifers are performed

e The risk is assessed by setback distances between septic systems and
pumping wells

e The hydraulic and kinetic parameters mostly control the fate of viruses

e A maximum of 10~ infections/person/year and a 30 m setback distance is

targeted

Keywords

Transport of viruses, Aquifers, Septic system, Pumping well, Setback distance,

Multi-kinetics reactive transport
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1. INTRODUCTION

Groundwater is a vital resource in many regions where surficial water is either
lacking or unexploitable. Groundwater accounts for 30% of the world’s freshwater,
nearly half of the global annual demand for drinking water (Khare et al., 2017), one-
fifth of the annual global water consumption (Hiscock, 2011), and daily water use
for an estimated two billion people (Hiscock, 2011; Murphy et al., 2017). The supply
of safe drinking water in rural settings lacking collective distribution networks
almost entirely depends on groundwater. For instance, 90% of the rural domestic
demand in the United States is provided by groundwater (Barber, 2009). Across
Canada, about four million (12%) people are served by private groundwater supply,
mostly in rural areas. In the province of Quebec, Canada, groundwater resources
supply water to 25% of the population (MELCC, 2023), among which 70%, or 1.2
million people (14% of the total population), use individual private wells for their

water supply (Féret, 2016).

In rural contexts, where collective water and sewage networks are not
implemented because of the great distances between residences, wastewater
must be managed on a site-specific basis using autonomous on-site solutions.
Individual septic systems (ISS) have issues related to the infiltration of clarified
wastewater into the soil. They are hence a significant source of contaminants, e.g.,
nutrient and pathogen leaks into aquifers. Viral concentrations of up to 10°
viruses/L have been measured below conventional septic systems (Anderson and
Weber, 2004; Blaschke et al., 2016). Under optimal operation conditions (i.e.,
correctly designed, installed, and maintained septic systems), viral removal in ISS
is about 4 log (Lusk et al., 2017; Adegoke and Stenstrom, 2019; Eregno and
Heistad, 2019; Blaschke et al., 2016). Additional removal of viruses subsequently
occurs via natural attenuation mechanisms during subsurface transport through
the aquifer. Residential housing developments are expanding into rural areas

surrounding major urban centers; however, the urbanization of these peri-urban
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zones is occurring before the implementation of centralized wastewater collection
and drinking water supply. The accompanying densification of septic systems puts
local aquifers and individual drinking water wells under pressure from viral and

nutrient contamination (Bremer and Harter, 2012).

The quality of drinking water in private wells remains a global public health concern
(Powell et al., 2003; Bradbury et al., 2013; Trimper, 2010; Borchardt et al., 2012;
Gunnarsdottir et al., 2013). A review by Schuster et al. (2005) revealed that
between 1974 and 2001, two-thirds of waterborne infectious disease outbreaks in
Canada occurred in groundwater supplied by private or semi-private contaminated
wells. Murphy et al. (2016, 2017) estimated that contaminated drinking water from
untreated private wells produces approximately 110 700 annual cases of acute
gastroenteritis in Canada (0.027/person/year). This incidence rate decreases to
0.016/person/year for the Canadian population supplied by small, chlorinated
water-supply systems. By crudely applying these rates to the global groundwater-
reliant population (2.2 billion), Murphy et al. (2017) derived that the annual
occurrence of groundwater-related acute gastroenteritis was between 35.2 and
59.4 million (applying the incidence rates obtained for small chlorinated systems
and untreated private wells, respectively). Reynolds et al. (2008) reported that over
12 years in the United States, approximately 6.4 million annual waterborne ilinesses
were attributed to contaminated groundwater. In England and Wales, Smith et al.
(2006) reported that between 1992 and 2003, outbreaks of waterborne, infectious
intestinal disease was 35x greater among consumers served by private wells than

those using public water supplies.

Data regarding viral concentrations in private well water is scarce. The percentage
of viral positive samples during sampling campaigns varies widely depending on
the sampling frequency, analytical methods, aquifer characteristics, and rainfall
events. Sampling campaigns carried out by Borchardt et al. (2003) reported that

8% (4/50) of 50 household wells in Wisconsin tested positive for viruses at least
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once per year when sampled four times a year. Enteric viruses were found by
Borchardt et al. (2012) in 25% of 1 200 tap water samples collected from US
municipalities supplied by untreated groundwater. Trimper (2010) analyzed 28
private wells in three Canadian provinces and found 58% tested positive for
viruses. Similarly, Allen et al. (2017) reported that 45% (10/22) of drinking water—
producing wells in fractured dolostone aquifers tested positive for human enteric
viruses at least once in an eight-month period (six sampling events). The authors
attributed this high frequency to shorter travel times to wells and larger capture

zones in fractured rock aquifers.

Public health strategies for protecting domestic drinking water from wells generally
assume that microbial transport will be sufficiently attenuated in the aquifer when
there is sufficient distance between the wastewater disposal fields and drinking
water wells. Most regulations therefore enforce horizontal setback distances
between the point of infiltration and abstraction. Such distances should therefore
be correlated with the residence time required to obtain good drinking water
quality, i.e., a longer transport period in distance and time in accordance with
regional geology. However, current policies are overwhelmingly lacking in such
rationale. In Canada, the regulatory setback distance is set at 30 m (15 m in the
province of Alberta), which is also the default value in the US (USEPA, 2022). Only
a few specific provincial regulations introduce a rationale related to the direction of
the hydraulic gradient and specific infiltration flow rates. In France, there is a single
setback distance of 35 m (Law on water and aquatic media n° 2006-1772, 2006
December 30™). This distance is 50 m in Germany, and wells must be placed
upgradient of septic systems (Law on Water Resources, Wasserhaushaltsgesetz
WHG). Several modeling exercises have shown that regulatory setback distances
are too low or too varied to be universally defined (Schijven et al., 2002; Van der
Wielen et al. 2006, 2008; Masciopinto et al., 2008; Trimper, 2010; Blaschke et al.,
2016). Thus, the implementation of revised, non-arbitrary, and science-supported

policies is imperative to ensure the protection of private water-production wells.
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This absence of a scientific basis underlying existing regulatory setback distances
stems essentially from a gap in scientific knowledge regarding the movement of
viruses and pathogens through aquifers (Azadpour-Keeley and Ward, 2005;
Gunnarsdottir et al., 2013). Numerous approaches have been proposed for
modeling the fate of viruses in subsurface environments. The complex virus
transport mechanisms are commonly represented in attachment-detachment
models (Schijven and Hassanizadeh, 2000; Azadpour-Keeley and Ward, 2005;
Torkzaban et al., 2006; Frohnert et al., 2014; Macias et al., 2017). Viral reduction in
saturated porous media is governed by virus die-off, dilution, and retentive
interactions with the solid substrate. The latter interactions are physically complex,
encompassing mechanical processes, e.g., size exclusion, and electrostatic or
hydrophobic solid surface-retention mechanisms (Jin and Flury, 2002). A key
challenge is calibrating virus-reduction reactions and incorporating the

hydrogeological variability of actual aquifers.

Although researchers have evaluated the influence of physicochemical properties
of groundwater on inactivation rates and virus retention mechanisms, the
quantitative assessment of the role of subsurface physical parameters, such as
hydrogeological variability on virus persistence in groundwater, remains lacking. A
few studies have illustrated the greater vulnerability of certain high-conductivity
media to contamination, e.g., fractured rocks, karsts, and sand—-gravel aquifers
(Schijven and Hassanizadeh, 2000; Bhattacharjee et al., 2002; Hlavinek et al., 2008;
Masciopinto et al., 2008; Macias et al., 2017). However, there is a lack of
quantitative information related to identifying the predominant hydrogeological,
environmental, and anthropogenic factors affecting subsurface viral reaction
kinetics and the fate of concentration peaks in aquifers. This information is
nonetheless critical for incorporating groundwater science into establishing
setback distances. Improved setback distance policies require guidelines to
address the critical question of the site-specific parameters that should be used to

define individual setback distances to protect against viral contamination. This
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study aims to model the relative importance of hydrodynamic and reaction
parameters on the transport of viruses in aquifers and the associated health risks

for private wells.

First, we use published field and laboratory-scale experimental data sets to develop
and validate numerical solutions for modeling virus subsurface reactive transport
using an analytical solution (diagnostic approach). In the second step, we apply a
prognostic approach to the model to (1) analyze the penetration dynamics of virus
concentration pulses in saturated porous media as a function of kinetic reaction
coefficients; and (2) analyze the sensitivity of hydraulic parameters and kinetic
reaction coefficients on the predicted viral risk. This study was designed to support
risk-based policies where simulated virus transport is converted into health risk
predictions by means of dose-response relationships. We compare risk
predictions for a wide range of input parameters to the standard regulatory health
risk target of 107 infections/person/year and a 30 m setback distance to highlight

situations for which groundwater regulators must be attentive.
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2. METHODS

2.1.Conceptual model

We use a one-dimensional, laterally infinite, and fully saturated modeling domain.
The hydraulic properties are homogeneous and isotropic, the flow is steady state,
and we use a two-year predictive timeframe. We assume the mass transport
problem is transient, and the input virus concentration is imposed at the source
(Dirichlet-type boundary condition). Following Canadian regulations, which impose
a 1.8 m depth between the infiltration trenches and the groundwater table, we
position the strict boundary between the septic system and the aquifer (i.e., the
viral source) at this depth for the conceptual mode. The viral concentrations at the
source of the model must therefore account for virus removal in the disposal field,
which has been reported as equal to 0-2 log (Hijnen et al., 2004; Dullemont et al.,
2006; Eregno and Heistad, 2019). The septic tank itself removes a maximum of 0-
2 log of viruses (Lusk et al., 2017; Adegoke and Stenstrom, 2019). Therefore, the
total range for virus removal in septic systems is 0—4 log (see the review by
Blaschke et al., 2016).

The viral source function is time variant and is calibrated using the amplitude and
duration of a virus pulse emanating from the disposal field of a four-person
residence during a single disease event. In the model, the duration of the disease
event is fixed at 11 days, which is an average realistic value (Schijven et al., 1999).
The viral concentration input into the septic system is calculated as the product of
a sick human’s fecal concentration and the daily individual fecal production (128
g/day) divided by the daily water consumption for the entire residence
(1 500 L/day). For rotaviruses, which are highly prevalent in Canada (Schuster et
al., 2005), Anderson and Weber (2004) reported peak virus fecal concentrations
up to 1010 to 1012/g during a disease event. This estimate provides a range of

wastewater viral concentrations, before septic treatment, of 8.9-10.9 log/L. This
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estimate is conservative and assumes a constant concentration over the pulse
duration. Usually, viral shedding decreases progressively after the peak.Bennett et
al. (2020) report a one-log daily reduction over ten days. Thus, after 0—4 log
removal in the septic system, viral concentrations added into the natural
environment can vary between 4.9 and 10.9 log/L, or 7.9 x 10* and 7.9 x 10°
viruses/L. This result agrees with the direct measurements by Charles et al. (2003)
for rotavirus in treated domestic wastewater, i.e., 3-10.9 log/L. Previous modeling
studies have made similar assumptions (Blaschke et al., 2016). The benchmark
value retained for pulse concentrations at the source of the models is C, = 9.2
log/L = 1.5 x 10° viruses/L, a conservative value without being in the maximum
bracket of the calculated plausible range (7.9 x 10" viruses/L). We assume that all
viruses are infectious. We also investigate the sensitivity of our model to this input

parameter.

2.2.Viral reaction model

The nature and the kinetics of the mechanisms responsible for pathogen removal
in aquifers (chemical, electrostatic, and mechanical retentive interactions with
solids) and their mathematical formulations have long been debated (e.g., for virus
pathogens, Bitton and Marshall, 1980; Yates et al., 1985; Grant et al., 1993; Bales
et al., 1995; Chrysikopoulos and Sim, 1996; Sim and Chrysikopoulos, 1996; Gerba
and Smith, 2005; Jin and Flury, 2002; Azadpour-Keeley and Ward, 2005; Blanford
et al., 2005; Tufenkji, 2007; Anders and Chrysikopoulos, 2009; Trimper, 2010;
Bradbury et al., 2013). Pioneer virus adsorption experiments by Moore et al. (1981)
suggested that polioviruses behave like solutes and can be modeled adequately
by equilibrium sorption concepts. Later, these results were largely disproved by
numerous continuous-flow sand-column experiments (Bales et al., 1993; Jin et al.,
1997; Torkzaban et al., 2006; Frohnert et al., 2014; Betancourt et al., 2019) and
some in situ experiments (Bales et al., 1995; Schijven et al., 1999, Blanford et al.,

2005). Over the last two decades, a consensus has emerged that the interaction of
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viruses with a solid medium occurs at a lower rate than for solutes and cannot be
approximated via an instantaneous equilibrium. These interactions are therefore
represented using kinetic models. These models were first introduced in the 1960s
and 1970s to reproduce the nonlinear interactions of organic compounds, e.g.,
pesticides, with the solid surfaces of organic matter and hydroxide minerals (Ogata
and Banks, 1961; Lindstrom, 1976; Rao et al., 1979). Kinetic models also
efficaciously predict the fate of pharmaceutical molecules in the natural
environment (Nkedi-Kizza et al., 2006). Schijven et al. (1999) and Frohnert et al.
(2014) demonstrated the ability of the kinetic model to reproduce viral responses
obtained from in situ and laboratory experiments. Both studies concluded that
optimal fits for measured temporal and spatial series of viral concentrations could
be obtained using a kinetic rather than an equilibrium sorption model. We therefore
use the fully kinetic sorption model as described by Schijven et al. (1999) and
Frohnert et al. (2014).

In this model, the global interactions of viruses with solid surfaces are described
by two interdependent first-order kinetic reactions, namely attachment and
detachment (e.g., Schijven et al., 1999; Frohnert et al., 2014). The respective mass

transfer rates for attachment and detachment are given by

7y = —kg:C ,and (1)

g = _kdet%ss (2)
where C [viruses L] and S [viruses M™'] are the concentrations of mobile and
immobile viruses, respectively, kg, [T'] and kg4 [T""] are respectively the

attachment and detachment reaction coefficients, and 6 [-] and p, [M.L™®] are

porosity and dry medium density, respectively.

10
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Additionally, in the porous media, viruses degrade because of the absence of both
host organisms and viral metabolic activity (e.g., Jin and Flury, 2002). Although the
mechanisms implied in this process remain poorly understood (Tufenkji, 2007), the
inactivation of mobile viruses is well described by a first-order kinetic law [see
reviews by Jin and Flury (2002) and Charrois (2010)]. The description of immobile
or attached virus inactivation kinetics requires field or sand-column experiments
and is consequently less documented. However, authors have reported
observations that the kinetics are related to a first-order problem (Hurst et al., 1980;
Schijven et al., 1999; Frohnert et al., 2014; Macias et al., 2017). Reaction rates via

the inactivation of mobile and immobile viruses are given respectively by

ac
e =50= -, C ,and (3)
=% g 4)
s 6 at Hs g2

where y; [T'] and g [T'] are the inactivation coefficients of mobile and immobile

viruses, respectively.

Finally, flow-induced and purely hydrodynamic mass transfer is governed by
advection, which is the linear translation of water at a given pore velocity v [L.T],
and dispersion, a strongly scale-dependent empirical term (Schulze-Makuch,

2005), which accounts for the nonuniform pore-velocity fields.

The budget of virus mass transfers induced by the four reactions (Fig. 1) is thus
given by the summation of equations 1-4. The total mass transfer rate of viruses in
the saturated porous one-dimensional medium is obtained by integrating reaction-

related and flow-induced mass transfer terms:

ac a%c ac a%c ac Pb
E:Dﬁ—va+ra—rd+rC=Dﬁ—va— attC+Kdet?S_.ulC , (5)
and

11
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aS
&_z_ra+rd+rs=KattC_Kdet%S_:us%S’ (6)

where D [M?T"] is the hydrodynamic dispersion coefficient.

Inactivation
r Attachment
C
ra
Detachment
raq

C : mobile viruses

S :immobile viruses Inactivation

rg

Figure 1. Conceptual model of reactions producing mass transfers of viruses. The four reactions
are time dependent. Note: r, is the mass transfer rate by reaction x; see equations 1-4.

As an alternative modeling approach, Blaschke et al. (2016) produced simplified
first-order empirical analytical solutions calibrated using an extensive database of
field measurements of virus concentrations (Pang, 2009). Advantageous for
practical purposes, this approach accurately approximates the kinetics of virus
removal. However, its validity scope may be restricted to the specific parameters,
scale, and time regime of the calibration database and conceptual model, as it fails
to reproduce the concentration data obtained from transient in situ and lab

experiments, which are not first-order behaviors.

The reactive non-conservative flow problem was solved numerically through a
finite-element method in a single dimension using the FEFLOW code (Diersch,
2014).

12
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2.3.Health risk calculations

The health risk at the well was calculated using a dose-response relationship for
rotavirus (Eqg. 8), an approach used by Health Canada to develop guidelines for
virus removal from drinking water (Health Canada, 2019). The daily concentration
(C) of viruses in a domestic well was obtained from our model calculations.
Assuming a water consumption of 1.5 L/day per person, we can calculate a daily
viral dose (D, number of viruses ingested; Eq. 7) and a daily probability of infection
(Px; EqQ. 8).

D=15C,and (7)

Pk=1—[1+%]_a, (8)

where a = 0.265 and S = 0.4415 are the empirical parameters of infectiousness for
rotavirus. We assume that there is no secondary spread of infection. We selected
rotavirus for our health risk assessment (1) to be consistent with Canadian
regulations; (2) because of its regular occurrence in Canadian private wells
(Schuster et al., 2005; Trimper, 2010); and (3) to align with the chosen model
parameters. Indeed, the input viral concentrations are based on rotavirus and the
kinetic parameter values published for experiments using MS2 coliphages and

PRD1 bacteriophages, both rotavirus surrogates (Azadpour-Keeley et al., 2003).

Finally, the annual risk (P, ) is calculated from the product of daily risks (Eq. 9):

365

Pyear = I_B(I_Pk) (9)

13
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3. MODEL VALIDATION

3.1.Virus breakthrough curves

Measured breakthrough curves (BTCs, concentration time series at various
distances) are typically used to obtain inverse estimates of transport parameters
(e.g., Ratha et al., 2009). Note that the dispersivity of suspended particles like
viruses is a size dependent parameter as exposed by Chrysikopoulos and
Katzourakis (2015). In this study, we used BTC to validate the transport model and
evaluate the influence of distinct transport parameters and reaction mechanisms
(Fig. 2). Figure 2 portrays BTCs associated with various reactive transport models
published by Schijven et al. (1999) on the basis of the series of analytical solutions
submitted by Toride et al. (1995). The observed long tail is highly characteristic of
kinetic transport models (Fig. 2E, 2F, 2H), in which a very slow virus attenuation
rate is the consequence of prolonged virus detachment from the solid phase. Field
studies have also observed these persistent low residual concentrations (Blanford
et al,, 1995). Therefore, the differences between the equilibrium and kinetic
reactive models are particularly pronounced in long time series. Another diagnostic
feature is the change in slope between the long tail and the peak, with a transition
marked by a vertical offset (“shoulder”) reflecting a short intermediate stage during
which the reduction rate is very high; this shoulder likely reflects the prominence

of attachment as a reducing mechanism.

14
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Figure 2. Theoretical breakthrough curves predicted for transport models involving various mass
transfer mechanisms: A) tracer (nonreactive, purely advective — dispersive transport); B) same
model but with first-order degradation; C) equilibrium sorption reactive transport (valid for solutes);
D) and G), model C with a high dispersion or a high retarding factor, respectively; E), F), and H),
two-site kinetic reactive transport models, valid for organic compounds (e.g., pesticides and
pharmaceutical products), with low detachment, high detachment, and high attachment,
respectively. Pulses are injected over ten days, 3 m upstream, at 1.5 m/d pore velocity. Modified
from Schijven et al. (1999).

A primary qualitative step for validating our numerical model involves verifying
whether it can reproduce the characteristic features of BTCs published by Schijven
et al. (1999) for a kinetic reactive behavior (Fig. 2E, 2F, 2H). Breakthrough curves
obtained via the numerical model are shown in Fig. 3. The key elements to note
are that (1) the long-term behavior (long tail) is highly controlled by the immobile
inactivation coefficient ug, as previously mentioned by Schijven et al. (1999); (2)
that in contrast, the attachment coefficient K,;, controls the initial response
involving the peak reduction amplitude and the overall shape of the curve,
corroborating the Schijven observations in Fig. 2H; (3) the transition between peak
and tail, i.e., the offset (“shoulder”) amplitude, is linearly proportional to the

detachment coefficient K., as is the vertical offset of the tail. Note that the slope

15
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of the tail in Fig. 2E and 2F is not affected by K,.;, which disproves the statement
of Schijven et al. (1999).

This exploration analysis of kinetic transport responses exposes the complex
dynamics of viral reduction where the four reactions are interdependent while
successively exerting a dominant influence on the overall viral reduction. As a
general rule, attachment determines the early reduction kinetics, whereas long-
term persistence is ruled essentially by mobile virus inactivation, detachment, and

markedly by immobile virus inactivation.
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Figure 3. Influence of reaction coefficients K 44, K 4et, i, @and pg on virus breakthrough curves (C/Co)
for the fully kinetic model. A) Numerical simulations (3 m downstream of the injection point, 11-day
injection pulse). The amplitude of variations of the parameters is one-log greater (dotted lines) and
less (solid lines) than the reference model (except for K 4., for which only the lower limit is presented
because of mathematical limits). The reference model values are K ,;; = 1/d, K4, = 0.1/d, u; =
0.1/d, and pu, = 0.1/d; the flow parameters are v=0.1 m/d, a=2 m, and 6 =0.3.). B)
Schematic of the theoretical influence of the reaction coefficients on virus breakthrough curves.

3.2. Analytical validation

Our kinetic reactive transport model, also referred to as the mobile—immobile fully

kinetic model, does not have a published analytical solution; however, Toride et al.
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(1995) offer a generic form, referred to as the two-site equilibrium/kinetic sorption
model. The solution assumes 1) equal attachment and detachment coefficients;
and 2) the inactivation coefficients for the mobile and immobile virus phases are
equal. This one-dimensional analytical model considers a distribution function
between kinetic (attachment-detachment) and equilibrium (Henry isotherm)
sorption sites. Although this sorption model was designed for pesticide transport,
we use it for validation because its implementation in FEFLOW is very similar to the
full kinetic model used for viruses. The simulation was carried out for a 300-day
pulse source. Results are given in Fig. 4 for breakthrough curves at a distance of
10 m from the source and for various inactivation rates—expressed in terms of the
dimensionless parameter ¥ = u - L /v, where L and v are the distance and pore
velocity, respectively. Interestingly, the numerical code reproduces the theoretical
response appropriately, as predicted by the analytical solution of Toride et al.

(1995) for both short- and long-term transport.

0.9
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¥ = 0.0316. . Analytical model (Toride et al., 1995)
07} # T % 000 Numerical model (Diersch et al., 2004)
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Figure 4. Comparison of simulated breakthrough curves obtained using numerical and analytical
solutions for the two-site equilibrium/kinetic sorption model. ¥ = u.L/v is a dimensionless
parameter. Modified from Diersch (2014).
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3.3.Field experimental validation

To our knowledge, only three studies have reported on experimental data sets of
virus transport under actual aquifer conditions: Bales et al. (1995), Schijven et al.
(1999), and Blanford et al. (2005). We selected the data set of Schijven et al. (1999)
to validate our model, as their study was carried out in fully saturated media, and
the data sets are of high quality. Schijven et al. (1999) analyzed the short- to long-
term propagation of MS2 and PRD1 pulses injected into a sandy aquifer by
monitoring breakthrough curves in six wells. Their test duration was 120 days, and
the monitoring wells were spatially distributed along the linear flow path starting
from the injection well and constrained by a far-field high-rate pumping well (63 m,
330 m?h). Sampling in monitoring wells relied on a low-flow pumping method (4
L/min). The granular aquifer was composed of a 10 m thick, high-hydraulic
conductivity (est. 12 m/d), grossly homogeneous and isotropic, eolian dune sand
layer, which overlays a low hydraulic conductivity (4 m/day) fine grain sand layer
(unpumped). The pulse injection involved maintaining a constant virus
concentration within a 10 x 15 m recharge compartment over 11 days (see
Schijven et al., 1999 for details). Note that the virus injection from the surface over
a 150 m? area is spatially diffuse rather than a punctual source at the scale of the
experiment. This diffuse sourcing may smooth the shape of the peaks measured
in vertical monitoring wells. Schijven et al. (1999) estimated flow and transport
parameters through an inverse approach using tracer breakthrough curves. To
estimate the viral transport parameters, Schijven et al. used a fully kinetic reactive
model identical to ours. The mobile viral inactivation coefficient y; was measured
from direct batch experiments, K,;; and us were derived from inverse calibrations
of some chosen segments of breakthrough curves with ad hoc analytical solutions
making linear postulates. Finally, K,;.; was estimated by inverse calibration using
an unpublished analytical solution modified from the abovementioned generic

solution given by Toride et al. (1995).
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Here, we calibrate the numerical model using input parameter values equal to
those of Schijven et al. (1999), except for the attachment rate (set here at 1.5 per
day rather than 4 per day). We obtained results for MS2 at four wells (Fig. 5). The
observed long tails are highly characteristic of kinetic transport models, as
explained above, and the numerical model correctly reproduces this tail. Such
predictions of persistent low virus concentrations after long residence times fit very
well with the observations in the three wells closer to the source. We lack long-
term data for the fourth well (10 m); however, we can observe a departure from the
theoretical curve before 50 days, which may be attributed to spatially inconsistent
reactive parameters (kinetic coefficients). This may reflect either changes in the
physical properties of the solid medium or changes in the physicochemical
properties of the groundwater (Jin and Flury, 2002). The poorer fit in the short-term
(syn-peak segment) observed in Fig. 5 relates to divergent configurations of the
source sensu stricto rather than to transport. As mentioned above, the
experimental process involves viral infiltration into the aquifer over a large surface
area, which likely induces deformations of the peak’s shape. Moreover, viral
concentrations vary by half an order of magnitude because of experimental
variability (Schijven et al., 1999). In contrast, for our validation work, the numerical
model includes a Neuman-type source, i.e., fixed mass flux, for optimizing model
fit, in the form of a discrete Boolean function with three levels: zero mass flux (t <

0), constant mass flux (0 <t < 11 d), and zero mass flux (t > 11 d).
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Figure 5. Comparison of modeled and measured MS2 breakthrough curves of field test experiment
(Schijven et al., 1999). The simulation parameters are v, = 0.5 m/d, « = 0.01 m, 8 = 0.35, K;;; =
1.26 /d, Kz, = 0.0008 /d, y; = 0.03/d, and pus = 0.09 /d.

3.4.Laboratory experimental validation

We also applied the laboratory experiments of Torkzaban et al. (2006) to provide
additional model validation. The experimental setting is a continuous-flow, 23-cm-
long column of saturated sand. Torkzaban et al. (2006) performed an inverse
calibration of attachment and detachment coefficients using a numerical 1D
mobile—-immobile fully kinetic type model analogous to ours. We used the exact
values provided in Torkzaban et al. (2006) to validate our model. The results,
displayed in Fig. 6, show that the numerical model reproduces the experimental

data perfectly.
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Figure 6. Comparison of the modeled and measured MSZ2 breakthrough curves of the laboratory
sand-column experiment (Torkzaban et al., 2006). The simulation parameters are v, = 4.01 m/d,
a=0.002m, 0 =0.41, K., = 0.072 /d, K4, = 13.68/d, and pu; = p, = 0.042 /d.

4. RESULTS

4.1.Selection of kinetic reaction coefficients

The reaction coefficients for the attachment, detachment, and inactivation of the
mobile and immobile viruses are calibrated using values estimated from the
scientific literature (Fig. 7). The kinetic coefficients for the attachment, detachment,
and immobile virus inactivation are obtained by the inversion of temporal and
spatial series of concentrations measured in saturated sand-column laboratory
experiments, except for an in situ study by Schijven et al. (1999), which used kinetic
reactive transport analytical and numerical models. In contrast, the inactivation
kinetic of mobile virus is measured directly using batch tests (no flow) or chamber
studies (continuous flow; Azadpour-Keeley and Ward, 2005), which explains the

higher number of references. Methodological biases and differences among the
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tested viruses produce a highly variable output. Methodological bias initially occurs
through the differing conditions of the batch experiments: water temperature, pH,
ionic strength, and the presence or absence of sandy or loamy material in the batch
reactors (unspecified in Fig. 7). In the latter case, it is suspected that inactivation
coefficients are overestimated, as the measured kinetic rate is not only the
inactivation rate but rather corresponds to the total effective reduction rate, which
includes attachment, detachment, and immobile virus inactivation. Marked
discrepancies are also observed between the only two studies that estimated the
four kinetic coefficients (K, Kget» 1, and pg) by inversion of field test data
(Schijven et al., 1999) and column test data (Frohnert et al., 2014). In similar
inversion models, the kinetic coefficients estimated through field tests are
systematically lower than those estimated via a column test, with major differences
between inactivation coefficients (2-3 log) and a marked difference between
detachment coefficient values (up to 4 log, see Fig. 7). Estimates from Schijven’s
field test give K;;+ /K. ratios up to 4 500 for the MS2 and PRD1 viruses, which are
disproportionately higher than the ratios (0.5 and 20, respectively) obtained by
Frohnert et al. (2014) using a lab column test with PhiX174. These discrepancies
may be attributed to 1) real aquifer pore conditions versus the ideal homogeneous
sand column; 2) methodological imprecision (curve-fitting process); or, at least
partly, 3) natural variability (virus types, groundwater properties). Regardless,
kinetic coefficient estimates from the field tests of Schijven et al. (1999) are
considered more realistic and are used hereafter as benchmarks for calibrating the

model.
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Figure 7. Compilation of published reactions kinetic coefficients estimated from experiments. The
inverse method is a curve-fitting using kinetic reactive models. (Additional references: O’Brien and
Newman, 1977; Hurst et al., 1980; Keswick et al., 1982; Yates et al., 1985; Powelson et al., 1991;
Nasser et al., 1993; Sobsey et al., 1995; Blanc and Nasser, 1996; Jin et al., 1997; Nasser and Oman,
1999).

This compilation highlights the serious methodological challenges explaining the
lack of quantitative constraints on determining viral reduction under actual
subsurface transport conditions, particularly the implied kinetics of the distinct
reactions. Despite the major discrepancies among the published values, we do
note the following trends: 1) the inactivation of immobile viruses is greater or
sensibly equal to the inactivation of mobile viruses; and 2) the variability of the

immobile/mobile inactivation coefficients ratio is low (within an order of magnitude).
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4.2.Penetration and persistence of viral pulses in saturated porous media

We investigated the dynamics of attenuation and propagation of viral pulses in
saturated porous media using a systematic analysis (Monte Carlo process, 1 200
runs) of the interdependent influences of the four input kinetic parameters, namely
attachment, detachment, and mobile and immobile virus inactivation coefficients,
respectively, K¢+, Kget, 11, and ug. This analysis highlights an extreme variability of
virus behavior as a consequence of the high variability of the values of these
coefficients reported from experimental works (Fig. 7). For example, for values of
hydrodynamic parameters typical of a sandy aquifer (Darcy velocity equal to 0.1
m/d and 30% porosity), the reduction of the viral peak after 300 days varies from 1
to 15 log at a penetration between 1 and 60 m. The penetration of virus pulses is
influenced in the first instance by the K,;;/K,;.: ratio, whereas it is less affected by
u; and . For the same configuration of hydrodynamic parameters as above, low
Kat¢/Kaer (below 10) models predict peak penetration between 10 and 60 m,
whereas it remains below 5 m for ratios higher than 100. In contrast, u, exerts a
marked positive influence on reducing viral peaks (Figure 8). For values of u, as
low as 0.001 /d, peak attenuation after 300 days is very low (less than 4 log),

regardless of the value of y;.
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Figure 8. Influence of the immobile virus inactivation coefficient on the reduction of viral peaks and
viral penetration within the porous medium. The tracer is a nonreactive, purely advective—dispersive
transport. The simulation parameters are v, = 0.1 m/d, « =2 m, 6 = 0.3, K;;; = 0.1/d, and K., =
0.01 /d.

It is worth noting that, beyond these overall trends, the dynamics of viral subsurface
reactive transport are nonlinear, and the reactions are strongly interdependent. For
instance, the effect of immobile virus inactivation on peak reduction increases with
the K,::/Kg4e: ratio. This pattern occurs because a significant accumulation of
immobile viruses is retained within the solid medium during the passage of the
pulse owing to a high K,;;. This retention implies a minimal release of viruses into
the fluid by detachment because of a low K., such that immobile virus
concentrations are maintained and their inactivation determines the long-term
release potential into the fluid. In cases where the K,;; /K .; ratio is high and p; is
low—a realistic configuration according to field experiments by Schijven et al.

(1999)—the lack of significant inactivation of the attached immobile viral load
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generates the protracted release of viruses into the fluid, thus leading to their
persistence in the aquifer, although at low concentrations. Such a low residual virus
concentration in groundwater has been observed previously in experimental
breakthrough curves (Blanford et al., 1995); we submit that it is the direct
consequence of protracted viral detachment with low immobile inactivation
kinetics. Although these residual concentrations are strongly reduced, the impact

on health risk can remain non-negligible, as explained below.

The release of a viral load into a fluid by detachment occurs predominantly directly
upstream of the peak—where large concentrations of immobile virus may have
been attached during the passage of the pulse. This release by detachment is
prone to producing a retarding effect on the pulse propagation and markedly
restrains its penetration into the aquifer. In extreme cases where high attachment
combines with limited immobile inactivation, this phenomenon may generate an
apparent retrograde transport during the weeks following the viral pulse infiltrating
from wastewater disposal fields, as in figures 8 (dotted line) and 9. The
decomposition analysis of mass transfer budgets (see Fig. 10) provides visual
evidence that such a delaying effect is caused by specific conditions upstream of
the peak (blue arrow in Fig. 10), where the reaction budget increases and even
becomes positive (dark blue curve in Fig. 10) because of the predominance of
positive mass transfers by detachment over negative mass transfer by attachment
combined with mobile inactivation. An apparent reverse transport effect occurs
when this positive balance (dark blue curve) is even greater than the negative mass

transfer by transport (dark green curve), such that storage is positive (Fig. 10).
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Figure 9. Simulation pulse propagation for A) virus and B) tracer. The color chart is an equal range
type (recalculated at each step for visual quality purposes; uncharted green to blue colors
correspond to low to null concentrations, respectively. Note the apparent retrograde movement of
viruses (20-30 days) reflecting the release (detachment) of previously attached viruses on the back
of the peak. Pulses are injected at the left-hand boundary. The tracer is a nonreactive, purely
advective-dispersive transport. The simulation parameters are v, = 0.1 m/d, a =2 m, 8 = 0.3,
Kgie = 0.1/d, Kgor = 0.01/d, u; = 0.1/d, and p, = 0.001/d.

27



564

565
566
567
568
569
570
571
572
573
574
575
576
577
578
579

580

10° Peak A: attachment

101 D: detachment
I: inactivation
10°
T: transport
103 .KT <0

104 D/ | T>0
A+l

A+1-D>T

T>0
A+l-D<T

C* §* dC*/dt
et
S

=¥
10-10 —» Positive storage, C — Negative storage, C
10-11 —=-Reaction gain, C Reaction loss, C
—Transport gain, C -— Transport loss, C
10—12
0 3 10 13 20 25 30

Distance travelled (m)
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This systematic analysis of virus transport dynamics controlled by reaction kinetics
highlights that 1) the detachment-induced release of viruses into the fluid,
upstream of the peak, induces a delay that may be marked or protracted
depending on the kinetic parameters of the immobile phase, namely, the immobile
inactivation and detachment; 2) the long-term persistence of viruses in
groundwater is essentially determined by these two kinetic parameters of the
immobile phase, which corroborates the slope of the viral BTC tail being
proportional to ug, as explained above). The consequence is the generation of
residual viruses having potential health risks, as discussed further below; and 3)

most importantly, in light of such high sensitivity of subsurface viral peak
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penetration and persistence of kinetic parameters, the insufficient amount of
quantitative knowledge demonstrated above prevents a robust prediction of the
fate of viruses in aquifers. An improved determination of viral kinetic parameters

from field experiments is thus an essential research priority.

4.3.Health risk sensitivity to kinetic reaction coefficients

The sensitivity approach quantifies the influence of changes in the model’s input
parameters on target output parameters (see the detailed description in Doherty,
2015, 2018). Such a methodology typically aims to compare the relative
sensitivities of selected input parameters and, in doing so, decipher those
parameters controlling the phenomenon of interest. Annual health risk
predictions— the output parameter—are modeled for various values of kinetic
reaction coefficients—the input parameters—within the ranges of the experimental
values compiled in Figure 7. Figure 11 presents the resulting values relative to the
standard regulatory benchmarks of 107 risk (1 infection/10* persons/year) and a
30 m setback distance, the default regulation in most western countries. A danger
zone is present where the health risk exceeds the 107 regulatory target. We define
six scenarios (Table 1) to cover the real-world behavior variability (viral resistance
and kinetic parameters). In model 1, the low K,;;/K,.: ratio associated with low
inactivation coefficients produces a maximum pulse penetration into the aquifer
and minimal reduction, leading to maximum risk. Other models represent
intermediate to low virus persistence and penetration, including the experimental

values from Schijven et al. (1999).

Table 1. Kinetic reactions coefficient used in the models.
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name inGW Kﬂ££ ch’t Hy Hg

Minimum reduction, maximum ;
Model 1 ) 3 ) Very high 01 0.1 0.001 0.01
propagation - Maximum risk

MS2 coefficients obtained in situ by

Model 2 Low 4 0.0009 0.03 0.09
Schijven et al. (1999)

Model 3 PRD1 coeffl_c_lents obtained in situ by i 4 0.0007 0.12 0.07
Schijven et al. (1999)

Model 4 Intermediate values Medium 1 0.01 0.03 0.09

Model 5 Intermediate values Medium 1 0.001 0.03 0.09

Model 6 Intermediate values Medium 1 01 0.03 0.09

Other non-hydrodynamic parameters of the models: contamination lasts 11 days-long, virus source concentration is
9.2 log/L, Beta-Poisson model, water consumptionis 1.5 L/d

Within the real-world ranges of viral kinetic coefficients (and realistic flow
parameters), the annual risk variability is marked and may likely exceed health
standards. Models parameterized for maximum virus persistence (models 1 and 6)
predict that attaining the 107 risk threshold requires a regulatory distance greater
than 30 m: respectively, 47 m and >>100 m (not presented in Fig. 11). In the
extreme case of model 1, the predicted risk remains 100% at 100 m. This model
illustrates conditions where the attachment—-detachment dynamics are ineffective
in immobilizing the viruses on the solid medium, which results in the deep
penetration of the viral pulse into the aquifer (85 m after 1 year versus 121 m for a
nonreactive tracer), combined with very slow virus die-off kinetics (2 log reduction
of the peak after 1 year). As explained above, such conditions have not been
observed, although they are possible. Models 2 and 3, parameterized respectively
using the MS2 and PRD1 properties estimated by Schijven’s field test, predict
100% risk below 10 m and a rapid decrease, reaching the 10™*target after 15 m.
Note that the Darcy velocity used for this sensitivity analysis is significantly less
than that of the Schijven et al. experiment (0.1 versus 1.57 m/d), such that the
experiment’s actual risk estimate is expectedly much higher (see the section below

discussing the Darcy velocity sensitivity analysis).

30



623

624

625
626
627
628
629
630
631
632
633
634
635
636
637
638

109 © > =
101
102
103
104 10-risk
O
1
= 10 w
© o
2 107 3
& 108 | ——Model 1 F?
10‘9 Model 2 %
1010 | ~Model 3 =
Q.
101 ——Model 4 @
. ——Model 5 §
10 —Model 6 i
10-13
0 10 20 30 40

Setback distance (m)

Figure 11. Simulation results for annual health risk predictions as a function of setback distances
for selected values of kinetic reaction coefficients (see Table 1). The simulation parameters are
vy = 0.1m/j, « = 2m, and 6 = 0.3. The shaded zone with a warning symbol corresponds to a health
risk exceeding the 10~ threshold of the regulatory setback distances, i.e., the danger zone.

The sensitivity of annual health risk models to viral attachment and detachment
input values is illustrated in Fig. 12 for a 30 m benchmark setback distance. This
analysis illustrates that the risk is essentially determined by attachment rather than
detachment, within the range of experimental values compiled in Fig. 7. As
expected, attachment is positively related to risk, whereas detachment shows a
negative relationship to risk. Moreover, below K,;; = 1/d, the risk at 30 m is greater
than the 10 threshold regardless of the detachment coefficient. In contrast, risk
is always low for K, values of 8/d or more. Between these two values, the
detachment coefficient exerts a non-negligible influence on risk, albeit it is less

sensitive than the attachment coefficient. This interpretative framework is
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639 nonuniversal and depends on the values set for mobile and immobile virus
640 inactivation coefficients—in this case, both are identical at 0.01 /d—although these
641 parameters exhibit low variability (Fig. 7) and are likely not a significant source of
642  imprecision. Figure 12 reveals the difficulty of rigorously quantifying the individual
643  sensitivity of reaction coefficients because of their interdependence. Indeed, the
644  sensitivity value for attachment, as given by the log ratio of change in K,;; to the
645 change in induced risk, increases with K,;.;. The K,;; sensitivity, defined as the log-
646  scale change in the risk value (output) induced by a one-log change in K,;; (input),
647 is equal to 16 at K., = 1073/d and 23 at K., = 10~1/d. In turn, the K., sensitivity
648 is between 10 and 11 for K, within 0.1 to 10/d.
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650 Figure 12. Sensitivity of annual health risk at a 30 m setback distance to attachment and detachment
651 coefficient input parameters. The simulation parameters are v, = 0.1 m/d, « =2 m, and 6 = 0.3.
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4.4.Health risk sensitivity to the hydraulic gradient and hydraulic

conductivity

The effects of the flow parameters of hydraulic gradient i [-] and conductivity K
[L-T™"] are expressed interchangeably in terms of the Darcy velocity v, following
Darcy’s law v, = —K -i. These parameters determine the advection term of
transport. Darcy velocity is the groundwater volumetric flow through a unit
transmissive surface; it is proportional to the pore velocity v as v, = v - 8, where 6
is the porosity. The hydraulic gradient used in the models varies between 0.001
(plains) and 0.1 (mountains), and the hydraulic conductivity values used in the
models range between 107® and 1072 m/s (0.0864-86.4 m/d), which grossly
encompasses surficial hard rock aquifers and sandy, granular aquifers. In the case
of hard rock aquifers, a distinction should be made between the rock mass
conductivity of minor fracture networks, which behave similarly to a continuous
porous medium (Ferroud et al., 2019), and the conductivity of discrete fault drains,
which may be extremely high (e.g., Worthington et al., 2016). The upper range of
107% m/s retained in this study aims to include the conductivity in discrete drains.
Thus in our models, we use values of v, that range from 8.64 x 10-°to 8.64 m/d to
encompass the natural variability of the hydraulic gradient and conductivity
parameters. The temporal and spatial time series of virus concentrations obtained
from simulations are converted into annual health risk values through the above-

described methodology.
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Figure 13. Simulation results for the influence of Darcy velocity v, on the annual health risk
predictions for selected values of kinetic reaction coefficients (see Table 1). A) Risk as a function
of setback distances for various values of vy, (variations by a factor 0.5 log); B) risk at 30 m setback
distance as a function of vj. The simulation parameters are « = 2 m and 6 = 0.3. The shaded area
with a warning symbol corresponds to a health risk exceeding the 10~ threshold, i.e., danger zone.
Figure 13A presents the risk—distance diagram for various Darcy velocities
between 8.64 x 10~3 and 0.864 m/d for two distinct sets of viral reaction coefficients.
These data are for models 2 and 4 (Table 1), the MS2 values of Schijven et al.’s
field experiment, and an intermediate virus resistance configuration, respectively.
This analysis demonstrates an extreme sensitivity of the annual health risk to vy,
i.e., to hydraulic gradient and conductivity. Therefore for the highest v, (the viral
pulse propagates rapidly via advection), the health risk decreases the slowest with
distance from the viral source (the lowest slopes of curves in Fig. 13A). This pattern
likely reflects the positive influence of velocity on pulse dispersion. The predictive
risk simulations using a benchmark 30 m setback distance are displayed in Fig.
13B for selected viral reaction coefficients: models 2, 4, and 6 (Table 1). The risk
sensitivity to vj, is illustrated as the stabilized slope of the curves (lower linear part).
This figure demonstrates that this sensitivity is markedly high, around 25 log, and
is obviously invariant in regard to the viral reactive properties. Thus, a 1-log
increase in v, induces a massive 25-log increase in risk. Regardless of virus type
and removal properties, the health risk is predominantly controlled by the

hydrodynamic transport parameters of hydraulic gradient and conductivity. Figure
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13B illustrates that for Darcy velocities greater than 1, i.e., any pore velocities
greater than 3.3 m/d, assuming a porosity of 0.3 typical for sandy aquifers, the

annual risk prediction is 100%.

5. RESULTS AND DISCUSSION

5.1.Sensitivity analysis limitations in nonlinear problems

For the sensitivity analysis performed in this study, we allowed a relatively
straightforward form in that the selected output—the health risk—is a unique and
well-identified quantitative function. This output permitted the simple calculation of
sensitivity as the log ratio between changes in the value of each input factor and
the induced changes in the value of this unique output function. However, our
approach is somewhat limited, and our results may be regarded as nonuniversal,
as they do not account for the interdependence of the influences of input
parameters. This is typical of nonlinear problems and leads to only partial
sensitivities. For example, we observe that the effect of the immobile virus
inactivation coefficient on the viral peak reduction (and the health risk) is enhanced
by a high K,:;/K4.:- This enhancement occurs as high attachment rates combine
with low detachment rates to produce sustained high concentrations of immobile
viruses and hence high rates of immobile virus inactivation, which enhances the
effect of this mechanism on the overall virus-reduction dynamics. Similarly, the K;;
sensitivity markedly increases with K,;.; as illustrated in Fig. 12. The partial
sensitivities calculated in such cases are taken as the maximum sensitivities. In
contrast, the sensitivity of the hydrodynamic input parameter v, is fairly invariable
in regard to the reaction input parameters. Finally, the internal variability of
sensitivities obtained for each parameter because of changes to another parameter
are smaller than the overall differences between the sensitivities of distinct
parameters (external variability) in such a manner that the obtained hierarchal

importance of parameters influences is an unaltered, robust result.
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5.2.Uncertainty of kinetic reaction coefficients

We demonstrate that the current state of knowledge related to virus reaction
coefficients limits our ability to produce robust predictions of virus-related health
risks. Indeed, our models show that the variability in these coefficients (compiled
from published experimental values) induces an extreme variability of viral peak
penetration into aquifers (1-60 m) and reduction (1-15 log) and variability in the
annual health risk at 30 m from virtually zero to 100%. The mobile virus inactivation
coefficient in groundwater can be measured directly from batch tests; however,
estimates for the three other mechanisms, namely, attachment, detachment and
immobile virus inactivation, are much more complex, as they require applying an
inverse method to temporal and spatial series for experimental data obtained either
from continuous-flow sand columns or field tests. Such an approach permits
measuring the complete set of four coefficients, which is, to our knowledge,
currently available in only three studies. Consequently, a massive disparity exists
between the state of knowledge for mobile virus inactivation and the three other
coefficients. Moreover, numerous studies quantifying the mobile virus inactivation
coefficient have submitted conclusive remarks on its variability and the influence
of groundwater physicochemical properties. Such variability in natural
environments may also be expected for the other three mechanisms, albeit it is
unknown. Finally, significant methodological differences exist among the published
experimental studies (Fig. 7). Improving our experimental knowledge of the viral
kinetic reaction coefficients is a cornerstone for modeling the fate of viruses in

aquifers.

The lack of quantitative constraints on the correlative relationships between the
four reaction coefficients limits model calibration. When scanning the full range of
experimental variability, some configurations may be unrealistic because of the

physical links between the mechanisms. Additional experiment-based constraints
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of the four sets of coefficients are required to reduce this knowledge gap and

uncertainty in the risk predictions.

Our models show that, as a general rule, the long-term reduction in viral
concentrations is determined mainly by immobile virus inactivation and, to a lower
degree, by detachment. These are known as immobile phase parameters in that
their rates are first-order functions of the immobile virus concentration (Eq. 6). The
persistence of residual virus concentrations, which has been reported from field
measurements (Blanford et al., 1995), is governed by these immobile phase
parameters and is illustrated by the immobile inactivation coefficient determining
the slope of the characteristic long trails of virus breakthrough curves (Fig. 3). As
explained above, long-term residual virus concentrations (despite their low values)
can affect the annual risk in a non-negligible fashion because risk is cumulative
over time (egs. 8 and 9). Here again, improving our understanding of these two

immobile phase parameters is necessary for sound health risk assessment.

5.3.Influence of the source concentration

In this study, we held virus concentrations at the source of the models at C, = 9.2
log/L = 1.5 x 10° viruses/L. The concentration range estimated from calculations
based on rotavirus concentrations in feces and their removal from septic systems
is 4.9-0.9 log/L or 7.9 x 10* to 7.9 x 10°viruses/L. These estimates match well the
3 to 10.9 log/L concentrations measured from clarified wastewater in septic effluent
(Charles et al., 2003). We investigated the implications of the fixed C, value on the
models by quantifying the risk sensitivity to C,. Expectedly, this led to a unit
sensitivity value, that is, 1-log variation in C, induces 1-log variation in the risk
prediction, all parameters being equal; a very low value relative to sensitivities
greater than 20 was obtained for other input parameters. This suggests that C, is

not a significant source of uncertainty in the models.
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5.4.Unassessed hydrogeological and environmental parameters

Highly conductive flow media, such as fractured rocks, karst, sand—gravel aquifers,
and steep hydraulic gradients typical of hilly landscapes are prone to the extensive
penetration of viral pulses (Schijven and Hassanizadeh, 2000; Bhattacharjee et al.,
2002; Hlavinek et al., 2008; Masciopinto et al., 2008). More specifically, the issue
of viral pulse reactive transport into fractured hard rock is complex because of the
combination of extremely rapid pulse penetration and sustained viral
concentrations associated with the delayed transfer between internal blocks and
the drained fault or fracture. Internal blocks refer here to low-conductivity, high-
storage-capacity rock mass blocks separated by the major fracture drains, which
are in contrast, high-conductivity, low-storage tabular flow domains that follow a
typical conceptual model for fractured media. On the one hand, very rapid pore
velocities in fracture and fault drains have been reported from field investigations
(Novakowski et al., 2006): between 6 and 22 m/d (median 11 m/d, 8
measurements) in fracture pathways isolated with packers (undisturbed hydraulic
gradient) and between 2 and 388 m/d (median 55 m/d, 13 measurements) in non-
isolated rock mass fracture networks. These values agree with the compilation
produced by Worthington et al. (2016) of 49 sink-to-spring tracer experiments in

siliceous hard rock aquifers and a median 170 m/d.

Given the marked sensitivity of risk to flow velocity predicted from our models, one
can anticipate a very high risk level in fractured hard rock aquifers; this
corroborates the epidemiological observations that identify these domains as being
particularly vulnerable to contamination and health risks (e.g., Allen et al., 2017).
This may be accentuated by delayed release effects between blocks and drains
caused by their strongly contrasting conductive and storage properties. Such two-
speed responses are well known for pressure transfers (double porosity models);
they are expected to also operate on mass transfers, leading to persistent viral

concentrations in the aquifer. Beyond these qualitative statements, modeling the

38



805

806

807

808

809

810

811

812

813

814

815

816

817

818

819

820

821

822

823

824

825

826

827

828

829

830

831

fate of viruses within fractured hard rock remains poorly known and must be the

focus of future studies.

Conversely, some hydrogeological components are known (qualitatively) to act as
barriers to viral propagation. The most effective barrier is the unsaturated zone
because of the retention of viruses at the water—air interface (Bradford &
Torkzaban, 2008) and the low pore velocity (low relative conductivity). This effect
is not accounted for in our models, which conceptually consider the water table as
being at the bottom of the seepage field. In most actual contexts—where an
unsaturated zone lies deeper—our risk predictions based only on saturated
transport will be significantly limited. The quantification of this reduction requires

further investigation.

Finally, epidemiologic studies note that rain events significantly influence viral
occurrences in the subsurface (Bradbury et al., 2013; Hynds et al., 2014; Allen et
al. 2017); however, our understanding of such a causal relationship remains
qualitative. We do not account for this effect in our modeling, although this
phenomenon would be expected to significantly affect mass transfers of viruses in

the unsaturated zone.

6. Conclusion

Our reactive viral transport model can serve as a new tool and has produced
insights into the transport of viruses within aquifers. Frohnert et al. (2014) first
implemented a fully kinetic model using the HYDRUS 1D code, and these authors
applied their model to reproduce and interpret their own experimental
observations of virus transport in saturated columns. Their model was not validated
by other experimental data, such as that from in situ tests conducted by Schijven
et al. (1999). Our new model developed with the FEFLOW code is a novel approach
that contributes to establishing a more comprehensive model validated by

laboratory and field experimental results. Furthermore, this new model can predict
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the risk of groundwater viral contamination and has demonstrated its utility as a
powerful tool for performing prognostic investigations and sensitivity analyses.
Prognostic exploitation of the model was designed to explore the dynamics of
penetration and the persistence of virus pulses into aquifers. It exposes the
complexity of viral reduction, where four kinetic reactions exert interdependent
effects. Residual virus concentrations in groundwater occur due to transport slow-
down, favoured by attachment and detachment contrasted kinetics and a low
immobile viruses inactivation rate. The sensitivity analysis of the transport model
to hydrogeologic and biochemical input parameters shows that the hydraulic
conductivity, the virus attachment rate and the immobile virus inactivation rate are
first-order parameters exerting the most prominent influence on virus persistence
in aquifers. Concomitantly, the virus concentration time and space series obtained
from transport modelling are used to predict the annual health risk for water
consumers within neighbourhood, into rural residential contexts supplied by
individual private wells and following standard dose-response relationships. Such
comprehensive methodology where reactive transport modelling is implemented
with risk evaluation is original. It allows linking quantitatively the annual risk to the
setback distances in regards to benchmark regulatory values. An important result
is that within the range of values provided by the current state of knowledge on
virus kinetic coefficients, the 30 m regulatory setback distance is critical into many
real conditions where aquifers are conductive. Further in-situ experimental studies
are required to improve constrains on virus kinetics, specifically the immobile virus
inactivation and detachment rates which estimations exhibit obvious discrepancies
due to methodological bias (in-situ vs. sand column), while they exert a deep

influence on the fate of virus.
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