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ABSTRACT 11 

The transport of viruses in groundwater is a complex process controlled by both 12 

hydrodynamic and reaction parameters. Characterizing the transport of viruses in 13 

groundwater is of crucial importance for investigating health risks associated with 14 

groundwater consumption from private individual or residential pumping wells. 15 

Setback distances between septic systems, which are the source of viruses, and 16 

pumping wells must be designed to offer sufficient groundwater travel times to 17 

allow the viral load to degrade sufficiently to be acceptable for community health 18 

needs. This study consists of developing numerical simulations for the reactive 19 

transport of viruses in the subsurface. These simulations are validated using 20 

published results of laboratory and field experiments on virus transport in the 21 

subsurface and applying previously developed analytical solutions. The numerical 22 

model is then exploited to investigate the sensitivity of the fate of viruses in 23 

saturated porous media to hydraulic parameters and the coefficients of kinetic 24 

reactions. This sensitivity analysis provides valuable insights into the prevailing 25 

factors governing health risks caused by contaminated water in private wells in 26 

rural residential contexts. The simulations of virus transport are converted into 27 

health risk predictions through dose–response relationships. Risk predictions for a 28 

wide range of input parameters are compared with the international regulatory 29 

health risk target of a maximum of 10−4 infections/person/year and a 30 m setback 30 



2 
 

distance to identify critical subsurface contexts that should be the focus of 31 

regulators. 32 

Graphical abstract 33 

 34 

Highlights 35 

• Numerical simulations for the transport of viruses in aquifers are performed 36 

• The risk is assessed by setback distances between septic systems and 37 

pumping wells 38 

• The hydraulic and kinetic parameters mostly control the fate of viruses 39 

• A maximum of 10−4 infections/person/year and a 30 m setback distance is 40 

targeted 41 

Keywords 42 

Transport of viruses, Aquifers, Septic system, Pumping well, Setback distance, 43 

Multi-kinetics reactive transport 44 

  45 
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1. INTRODUCTION 46 

Groundwater is a vital resource in many regions where surficial water is either 47 

lacking or unexploitable. Groundwater accounts for 30% of the world’s freshwater, 48 

nearly half of the global annual demand for drinking water (Khare et al., 2017), one-49 

fifth of the annual global water consumption (Hiscock, 2011), and daily water use 50 

for an estimated two billion people (Hiscock, 2011; Murphy et al., 2017). The supply 51 

of safe drinking water in rural settings lacking collective distribution networks 52 

almost entirely depends on groundwater. For instance, 90% of the rural domestic 53 

demand in the United States is provided by groundwater (Barber, 2009). Across 54 

Canada, about four million (12%) people are served by private groundwater supply, 55 

mostly in rural areas. In the province of Quebec, Canada, groundwater resources 56 

supply water to 25% of the population (MELCC, 2023), among which 70%, or 1.2 57 

million people (14% of the total population), use individual private wells for their 58 

water supply (Féret, 2016). 59 

In rural contexts, where collective water and sewage networks are not 60 

implemented because of the great distances between residences, wastewater 61 

must be managed on a site-specific basis using autonomous on-site solutions. 62 

Individual septic systems (ISS) have issues related to the infiltration of clarified 63 

wastewater into the soil. They are hence a significant source of contaminants, e.g., 64 

nutrient and pathogen leaks into aquifers. Viral concentrations of up to 109 65 

viruses/L have been measured below conventional septic systems (Anderson and 66 

Weber, 2004; Blaschke et al., 2016). Under optimal operation conditions (i.e., 67 

correctly designed, installed, and maintained septic systems), viral removal in ISS 68 

is about 4 log (Lusk et al., 2017; Adegoke and Stenstrom, 2019; Eregno and 69 

Heistad, 2019; Blaschke et al., 2016). Additional removal of viruses subsequently 70 

occurs via natural attenuation mechanisms during subsurface transport through 71 

the aquifer. Residential housing developments are expanding into rural areas 72 

surrounding major urban centers; however, the urbanization of these peri-urban 73 
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zones is occurring before the implementation of centralized wastewater collection 74 

and drinking water supply. The accompanying densification of septic systems puts 75 

local aquifers and individual drinking water wells under pressure from viral and 76 

nutrient contamination (Bremer and Harter, 2012). 77 

The quality of drinking water in private wells remains a global public health concern 78 

(Powell et al., 2003; Bradbury et al., 2013; Trimper, 2010; Borchardt et al., 2012; 79 

Gunnarsdottir et al., 2013). A review by Schuster et al. (2005) revealed that 80 

between 1974 and 2001, two-thirds of waterborne infectious disease outbreaks in 81 

Canada occurred in groundwater supplied by private or semi-private contaminated 82 

wells. Murphy et al. (2016, 2017) estimated that contaminated drinking water from 83 

untreated private wells produces approximately 110 700 annual cases of acute 84 

gastroenteritis in Canada (0.027/person/year). This incidence rate decreases to 85 

0.016/person/year for the Canadian population supplied by small, chlorinated 86 

water-supply systems. By crudely applying these rates to the global groundwater-87 

reliant population (2.2 billion), Murphy et al. (2017) derived that the annual 88 

occurrence of groundwater-related acute gastroenteritis was between 35.2 and 89 

59.4 million (applying the incidence rates obtained for small chlorinated systems 90 

and untreated private wells, respectively). Reynolds et al. (2008) reported that over 91 

12 years in the United States, approximately 6.4 million annual waterborne illnesses 92 

were attributed to contaminated groundwater. In England and Wales, Smith et al. 93 

(2006) reported that between 1992 and 2003, outbreaks of waterborne, infectious 94 

intestinal disease was 35× greater among consumers served by private wells than 95 

those using public water supplies. 96 

Data regarding viral concentrations in private well water is scarce. The percentage 97 

of viral positive samples during sampling campaigns varies widely depending on 98 

the sampling frequency, analytical methods, aquifer characteristics, and rainfall 99 

events. Sampling campaigns carried out by Borchardt et al. (2003) reported that 100 

8% (4/50) of 50 household wells in Wisconsin tested positive for viruses at least 101 
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once per year when sampled four times a year. Enteric viruses were found by 102 

Borchardt et al. (2012) in 25% of 1 200 tap water samples collected from US 103 

municipalities supplied by untreated groundwater. Trimper (2010) analyzed 28 104 

private wells in three Canadian provinces and found 58% tested positive for 105 

viruses. Similarly, Allen et al. (2017) reported that 45% (10/22) of drinking water–106 

producing wells in fractured dolostone aquifers tested positive for human enteric 107 

viruses at least once in an eight-month period (six sampling events). The authors 108 

attributed this high frequency to shorter travel times to wells and larger capture 109 

zones in fractured rock aquifers. 110 

Public health strategies for protecting domestic drinking water from wells generally 111 

assume that microbial transport will be sufficiently attenuated in the aquifer when 112 

there is sufficient distance between the wastewater disposal fields and drinking 113 

water wells. Most regulations therefore enforce horizontal setback distances 114 

between the point of infiltration and abstraction. Such distances should therefore 115 

be correlated with the residence time required to obtain good drinking water 116 

quality, i.e., a longer transport period in distance and time in accordance with 117 

regional geology. However, current policies are overwhelmingly lacking in such 118 

rationale. In Canada, the regulatory setback distance is set at 30 m (15 m in the 119 

province of Alberta), which is also the default value in the US (USEPA, 2022). Only 120 

a few specific provincial regulations introduce a rationale related to the direction of 121 

the hydraulic gradient and specific infiltration flow rates. In France, there is a single 122 

setback distance of 35 m (Law on water and aquatic media n° 2006-1772, 2006 123 

December 30th). This distance is 50 m in Germany, and wells must be placed 124 

upgradient of septic systems (Law on Water Resources, Wasserhaushaltsgesetz 125 

WHG). Several modeling exercises have shown that regulatory setback distances 126 

are too low or too varied to be universally defined (Schijven et al., 2002; Van der 127 

Wielen et al. 2006, 2008; Masciopinto et al., 2008; Trimper, 2010; Blaschke et al., 128 

2016). Thus, the implementation of revised, non-arbitrary, and science-supported 129 

policies is imperative to ensure the protection of private water-production wells. 130 
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This absence of a scientific basis underlying existing regulatory setback distances 131 

stems essentially from a gap in scientific knowledge regarding the movement of 132 

viruses and pathogens through aquifers (Azadpour-Keeley and Ward, 2005; 133 

Gunnarsdottir et al., 2013). Numerous approaches have been proposed for 134 

modeling the fate of viruses in subsurface environments. The complex virus 135 

transport mechanisms are commonly represented in attachment–detachment 136 

models (Schijven and Hassanizadeh, 2000; Azadpour-Keeley and Ward, 2005; 137 

Torkzaban et al., 2006; Frohnert et al., 2014; Macías et al., 2017). Viral reduction in 138 

saturated porous media is governed by virus die-off, dilution, and retentive 139 

interactions with the solid substrate. The latter interactions are physically complex, 140 

encompassing mechanical processes, e.g., size exclusion, and electrostatic or 141 

hydrophobic solid surface–retention mechanisms (Jin and Flury, 2002). A key 142 

challenge is calibrating virus-reduction reactions and incorporating the 143 

hydrogeological variability of actual aquifers. 144 

Although researchers have evaluated the influence of physicochemical properties 145 

of groundwater on inactivation rates and virus retention mechanisms, the 146 

quantitative assessment of the role of subsurface physical parameters, such as 147 

hydrogeological variability on virus persistence in groundwater, remains lacking. A 148 

few studies have illustrated the greater vulnerability of certain high-conductivity 149 

media to contamination, e.g., fractured rocks, karsts, and sand–gravel aquifers 150 

(Schijven and Hassanizadeh, 2000; Bhattacharjee et al., 2002; Hlavinek et al., 2008; 151 

Masciopinto et al., 2008; Macías et al., 2017). However, there is a lack of 152 

quantitative information related to identifying the predominant hydrogeological, 153 

environmental, and anthropogenic factors affecting subsurface viral reaction 154 

kinetics and the fate of concentration peaks in aquifers. This information is 155 

nonetheless critical for incorporating groundwater science into establishing 156 

setback distances. Improved setback distance policies require guidelines to 157 

address the critical question of the site-specific parameters that should be used to 158 

define individual setback distances to protect against viral contamination. This 159 
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study aims to model the relative importance of hydrodynamic and reaction 160 

parameters on the transport of viruses in aquifers and the associated health risks 161 

for private wells. 162 

First, we use published field and laboratory-scale experimental data sets to develop 163 

and validate numerical solutions for modeling virus subsurface reactive transport 164 

using an analytical solution (diagnostic approach). In the second step, we apply a 165 

prognostic approach to the model to (1) analyze the penetration dynamics of virus 166 

concentration pulses in saturated porous media as a function of kinetic reaction 167 

coefficients; and (2) analyze the sensitivity of hydraulic parameters and kinetic 168 

reaction coefficients on the predicted viral risk. This study was designed to support 169 

risk-based policies where simulated virus transport is converted into health risk 170 

predictions by means of dose–response relationships. We compare risk 171 

predictions for a wide range of input parameters to the standard regulatory health 172 

risk target of 10−4 infections/person/year and a 30 m setback distance to highlight 173 

situations for which groundwater regulators must be attentive. 174 

  175 
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2. METHODS 176 

2.1. Conceptual model 177 

We use a one-dimensional, laterally infinite, and fully saturated modeling domain. 178 

The hydraulic properties are homogeneous and isotropic, the flow is steady state, 179 

and we use a two-year predictive timeframe. We assume the mass transport 180 

problem is transient, and the input virus concentration is imposed at the source 181 

(Dirichlet-type boundary condition). Following Canadian regulations, which impose 182 

a 1.8 m depth between the infiltration trenches and the groundwater table, we 183 

position the strict boundary between the septic system and the aquifer (i.e., the 184 

viral source) at this depth for the conceptual mode. The viral concentrations at the 185 

source of the model must therefore account for virus removal in the disposal field, 186 

which has been reported as equal to 0–2 log (Hijnen et al., 2004; Dullemont et al., 187 

2006; Eregno and Heistad, 2019). The septic tank itself removes a maximum of 0–188 

2 log of viruses (Lusk et al., 2017; Adegoke and Stenstrom, 2019). Therefore, the 189 

total range for virus removal in septic systems is 0–4 log (see the review by 190 

Blaschke et al., 2016). 191 

The viral source function is time variant and is calibrated using the amplitude and 192 

duration of a virus pulse emanating from the disposal field of a four-person 193 

residence during a single disease event. In the model, the duration of the disease 194 

event is fixed at 11 days, which is an average realistic value (Schijven et al., 1999). 195 

The viral concentration input into the septic system is calculated as the product of 196 

a sick human’s fecal concentration and the daily individual fecal production (128 197 

g/day) divided by the daily water consumption for the entire residence 198 

(1 500 L/day). For rotaviruses, which are highly prevalent in Canada (Schuster et 199 

al., 2005), Anderson and Weber (2004) reported peak virus fecal concentrations 200 

up to 1010 to 1012/g during a disease event. This estimate provides a range of 201 

wastewater viral concentrations, before septic treatment, of 8.9–10.9 log/L. This 202 
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estimate is conservative and assumes a constant concentration over the pulse 203 

duration. Usually, viral shedding decreases progressively after the peak.Bennett et 204 

al. (2020) report a one-log daily reduction over ten days. Thus, after 0–4 log 205 

removal in the septic system, viral concentrations added into the natural 206 

environment can vary between 4.9 and 10.9 log/L, or 7.9 × 104 and 7.9 × 109 207 

viruses/L. This result agrees with the direct measurements by Charles et al. (2003) 208 

for rotavirus in treated domestic wastewater, i.e., 3–10.9 log/L. Previous modeling 209 

studies have made similar assumptions (Blaschke et al., 2016). The benchmark 210 

value retained for pulse concentrations at the source of the models is 𝐶𝐶0 = 9.2 211 

log/L = 1.5 × 109 viruses/L, a conservative value without being in the maximum 212 

bracket of the calculated plausible range (7.9 × 1010 viruses/L). We assume that all 213 

viruses are infectious. We also investigate the sensitivity of our model to this input 214 

parameter. 215 

2.2. Viral reaction model 216 

The nature and the kinetics of the mechanisms responsible for pathogen removal 217 

in aquifers (chemical, electrostatic, and mechanical retentive interactions with 218 

solids) and their mathematical formulations have long been debated (e.g., for virus 219 

pathogens, Bitton and Marshall, 1980; Yates et al., 1985; Grant et al., 1993; Bales 220 

et al., 1995; Chrysikopoulos and Sim, 1996; Sim and Chrysikopoulos, 1996; Gerba 221 

and Smith, 2005; Jin and Flury, 2002; Azadpour-Keeley and Ward, 2005; Blanford 222 

et al., 2005; Tufenkji, 2007; Anders and Chrysikopoulos, 2009; Trimper, 2010; 223 

Bradbury et al., 2013). Pioneer virus adsorption experiments by Moore et al. (1981) 224 

suggested that polioviruses behave like solutes and can be modeled adequately 225 

by equilibrium sorption concepts. Later, these results were largely disproved by 226 

numerous continuous-flow sand-column experiments (Bales et al., 1993; Jin et al., 227 

1997; Torkzaban et al., 2006; Frohnert et al., 2014; Betancourt et al., 2019) and 228 

some in situ experiments (Bales et al., 1995; Schijven et al., 1999, Blanford et al., 229 

2005). Over the last two decades, a consensus has emerged that the interaction of 230 
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viruses with a solid medium occurs at a lower rate than for solutes and cannot be 231 

approximated via an instantaneous equilibrium. These interactions are therefore 232 

represented using kinetic models. These models were first introduced in the 1960s 233 

and 1970s to reproduce the nonlinear interactions of organic compounds, e.g., 234 

pesticides, with the solid surfaces of organic matter and hydroxide minerals (Ogata 235 

and Banks, 1961; Lindstrom, 1976; Rao et al., 1979). Kinetic models also 236 

efficaciously predict the fate of pharmaceutical molecules in the natural 237 

environment (Nkedi‐Kizza et al., 2006). Schijven et al. (1999) and Frohnert et al. 238 

(2014) demonstrated the ability of the kinetic model to reproduce viral responses 239 

obtained from in situ and laboratory experiments. Both studies concluded that 240 

optimal fits for measured temporal and spatial series of viral concentrations could 241 

be obtained using a kinetic rather than an equilibrium sorption model. We therefore 242 

use the fully kinetic sorption model as described by Schijven et al. (1999) and 243 

Frohnert et al. (2014). 244 

In this model, the global interactions of viruses with solid surfaces are described 245 

by two interdependent first-order kinetic reactions, namely attachment and 246 

detachment (e.g., Schijven et al., 1999; Frohnert et al., 2014). The respective mass 247 

transfer rates for attachment and detachment are given by 248 

𝑟𝑟𝑎𝑎 = −𝑘𝑘𝑎𝑎𝑎𝑎𝑎𝑎𝐶𝐶 , and (1) 

𝑟𝑟𝑑𝑑 = −𝑘𝑘𝑑𝑑𝑑𝑑𝑑𝑑
𝜌𝜌𝑏𝑏
𝜃𝜃
𝑆𝑆 , (2) 

where 𝐶𝐶 [viruses L−3] and 𝑆𝑆 [viruses M−1] are the concentrations of mobile and 249 

immobile viruses, respectively, 𝑘𝑘𝑎𝑎𝑎𝑎𝑎𝑎 [T−1] and 𝑘𝑘𝑑𝑑𝑑𝑑𝑑𝑑 [T−1] are respectively the 250 

attachment and detachment reaction coefficients, and 𝜃𝜃 [-] and 𝜌𝜌𝑏𝑏 [M.L−3] are 251 

porosity and dry medium density, respectively. 252 
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Additionally, in the porous media, viruses degrade because of the absence of both 253 

host organisms and viral metabolic activity (e.g., Jin and Flury, 2002). Although the 254 

mechanisms implied in this process remain poorly understood (Tufenkji, 2007), the 255 

inactivation of mobile viruses is well described by a first-order kinetic law [see 256 

reviews by Jin and Flury (2002) and Charrois (2010)]. The description of immobile 257 

or attached virus inactivation kinetics requires field or sand-column experiments 258 

and is consequently less documented. However, authors have reported 259 

observations that the kinetics are related to a first-order problem (Hurst et al., 1980; 260 

Schijven et al., 1999; Frohnert et al., 2014; Macías et al., 2017). Reaction rates via 261 

the inactivation of mobile and immobile viruses are given respectively by 262 

𝑟𝑟𝑐𝑐 = 𝜕𝜕𝜕𝜕
𝜕𝜕𝜕𝜕

= −𝜇𝜇𝑙𝑙𝐶𝐶 , and (3) 

𝑟𝑟𝑠𝑠 = 𝜌𝜌𝑏𝑏
𝜃𝜃
𝜕𝜕𝜕𝜕
𝜕𝜕𝜕𝜕

= −𝜇𝜇𝑠𝑠
𝜌𝜌𝑏𝑏
𝜃𝜃
𝑆𝑆 , (4) 

where 𝜇𝜇𝑙𝑙 [T-1] and 𝜇𝜇𝑠𝑠 [T-1] are the inactivation coefficients of mobile and immobile 263 

viruses, respectively. 264 

Finally, flow-induced and purely hydrodynamic mass transfer is governed by 265 

advection, which is the linear translation of water at a given pore velocity 𝑣𝑣 [L.T-1], 266 

and dispersion, a strongly scale-dependent empirical term (Schulze-Makuch, 267 

2005), which accounts for the nonuniform pore-velocity fields. 268 

The budget of virus mass transfers induced by the four reactions (Fig. 1) is thus 269 

given by the summation of equations 1–4. The total mass transfer rate of viruses in 270 

the saturated porous one-dimensional medium is obtained by integrating reaction-271 

related and flow-induced mass transfer terms: 272 

𝜕𝜕𝜕𝜕
𝜕𝜕𝜕𝜕

= 𝐷𝐷 𝜕𝜕2𝐶𝐶
𝜕𝜕𝑥𝑥2

− 𝑣𝑣 𝜕𝜕𝜕𝜕
𝜕𝜕𝜕𝜕

+ 𝑟𝑟𝑎𝑎 − 𝑟𝑟𝑑𝑑 + 𝑟𝑟𝑐𝑐 = 𝐷𝐷 𝜕𝜕2𝐶𝐶
𝜕𝜕𝑥𝑥2

− 𝑣𝑣 𝜕𝜕𝜕𝜕
𝜕𝜕𝜕𝜕
− 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎𝐶𝐶 + 𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑

𝜌𝜌𝑏𝑏
𝜃𝜃
𝑆𝑆 − 𝜇𝜇𝑙𝑙𝐶𝐶 , 

and 
(5) 
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𝜌𝜌𝑏𝑏
𝜃𝜃
𝜕𝜕𝜕𝜕
𝜕𝜕𝜕𝜕

= −𝑟𝑟𝑎𝑎 + 𝑟𝑟𝑑𝑑 + 𝑟𝑟𝑠𝑠 = 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎𝐶𝐶 − 𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑
𝜌𝜌𝑏𝑏
𝜃𝜃
𝑆𝑆 − 𝜇𝜇𝑠𝑠

𝜌𝜌𝑏𝑏
𝜃𝜃
𝑆𝑆 , (6) 

where 𝐷𝐷 [M2T-1] is the hydrodynamic dispersion coefficient. 273 

 274 

 275 

Figure 1. Conceptual model of reactions producing mass transfers of viruses. The four reactions 276 
are time dependent. Note: 𝑟𝑟𝑥𝑥 is the mass transfer rate by reaction x; see equations 1–4. 277 

As an alternative modeling approach, Blaschke et al. (2016) produced simplified 278 

first-order empirical analytical solutions calibrated using an extensive database of 279 

field measurements of virus concentrations (Pang, 2009). Advantageous for 280 

practical purposes, this approach accurately approximates the kinetics of virus 281 

removal. However, its validity scope may be restricted to the specific parameters, 282 

scale, and time regime of the calibration database and conceptual model, as it fails 283 

to reproduce the concentration data obtained from transient in situ and lab 284 

experiments, which are not first-order behaviors. 285 

The reactive non-conservative flow problem was solved numerically through a 286 

finite-element method in a single dimension using the FEFLOW code (Diersch, 287 

2014). 288 
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2.3. Health risk calculations 289 

The health risk at the well was calculated using a dose–response relationship for 290 

rotavirus (Eq. 8), an approach used by Health Canada to develop guidelines for 291 

virus removal from drinking water (Health Canada, 2019). The daily concentration 292 

(𝐶𝐶) of viruses in a domestic well was obtained from our model calculations. 293 

Assuming a water consumption of 1.5 L/day per person, we can calculate a daily 294 

viral dose (𝐷𝐷, number of viruses ingested; Eq. 7) and a daily probability of infection 295 

(𝑃𝑃𝑘𝑘; Eq. 8). 296 

𝐷𝐷 = 1.5 𝐶𝐶 , and (7) 

𝑃𝑃𝑘𝑘 = 1 − �1 + 𝐷𝐷
𝛽𝛽
�
−𝛼𝛼

 , (8) 

where α = 0.265 and 𝛽𝛽 = 0.4415 are the empirical parameters of infectiousness for 297 

rotavirus. We assume that there is no secondary spread of infection. We selected 298 

rotavirus for our health risk assessment (1) to be consistent with Canadian 299 

regulations; (2) because of its regular occurrence in Canadian private wells 300 

(Schuster et al., 2005; Trimper, 2010); and (3) to align with the chosen model 301 

parameters. Indeed, the input viral concentrations are based on rotavirus and the 302 

kinetic parameter values published for experiments using MS2 coliphages and 303 

PRD1 bacteriophages, both rotavirus surrogates (Azadpour-Keeley et al., 2003). 304 

Finally, the annual risk (𝑃𝑃𝑦𝑦𝑦𝑦𝑦𝑦𝑦𝑦) is calculated from the product of daily risks (Eq. 9): 305 

𝑃𝑃𝑦𝑦𝑦𝑦𝑦𝑦𝑦𝑦 = 1 −�(1 − 𝑃𝑃𝑘𝑘)
365

𝑘𝑘=1

 
(9) 
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3. MODEL VALIDATION 306 

3.1. Virus breakthrough curves 307 

Measured breakthrough curves (BTCs, concentration time series at various 308 

distances) are typically used to obtain inverse estimates of transport parameters 309 

(e.g., Ratha et al., 2009). Note that the dispersivity of suspended particles like 310 

viruses is a size dependent parameter as exposed by Chrysikopoulos and 311 

Katzourakis (2015). In this study, we used BTC to validate the transport model and 312 

evaluate the influence of distinct transport parameters and reaction mechanisms 313 

(Fig. 2). Figure 2 portrays BTCs associated with various reactive transport models 314 

published by Schijven et al. (1999) on the basis of the series of analytical solutions 315 

submitted by Toride et al. (1995). The observed long tail is highly characteristic of 316 

kinetic transport models (Fig. 2E, 2F, 2H), in which a very slow virus attenuation 317 

rate is the consequence of prolonged virus detachment from the solid phase. Field 318 

studies have also observed these persistent low residual concentrations (Blanford 319 

et al., 1995). Therefore, the differences between the equilibrium and kinetic 320 

reactive models are particularly pronounced in long time series. Another diagnostic 321 

feature is the change in slope between the long tail and the peak, with a transition 322 

marked by a vertical offset (“shoulder”) reflecting a short intermediate stage during 323 

which the reduction rate is very high; this shoulder likely reflects the prominence 324 

of attachment as a reducing mechanism. 325 
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 326 

 327 

Figure 2. Theoretical breakthrough curves predicted for transport models involving various mass 328 
transfer mechanisms: A) tracer (nonreactive, purely advective – dispersive transport); B) same 329 
model but with first-order degradation; C) equilibrium sorption reactive transport (valid for solutes); 330 
D) and G), model C with a high dispersion or a high retarding factor, respectively; E), F), and H), 331 
two-site kinetic reactive transport models, valid for organic compounds (e.g., pesticides and 332 
pharmaceutical products), with low detachment, high detachment, and high attachment, 333 
respectively. Pulses are injected over ten days, 3 m upstream, at 1.5 m/d pore velocity. Modified 334 
from Schijven et al. (1999). 335 

A primary qualitative step for validating our numerical model involves verifying 336 

whether it can reproduce the characteristic features of BTCs published by Schijven 337 

et al. (1999) for a kinetic reactive behavior (Fig. 2E, 2F, 2H). Breakthrough curves 338 

obtained via the numerical model are shown in Fig. 3. The key elements to note 339 

are that (1) the long-term behavior (long tail) is highly controlled by the immobile 340 

inactivation coefficient 𝜇𝜇𝑠𝑠, as previously mentioned by Schijven et al. (1999); (2) 341 

that in contrast, the attachment coefficient 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎 controls the initial response 342 

involving the peak reduction amplitude and the overall shape of the curve, 343 

corroborating the Schijven observations in Fig. 2H; (3) the transition between peak 344 

and tail, i.e., the offset (“shoulder”) amplitude, is linearly proportional to the 345 

detachment coefficient 𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑, as is the vertical offset of the tail. Note that the slope 346 



16 
 

of the tail in Fig. 2E and 2F is not affected by 𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑, which disproves the statement 347 

of Schijven et al. (1999). 348 

This exploration analysis of kinetic transport responses exposes the complex 349 

dynamics of viral reduction where the four reactions are interdependent while 350 

successively exerting a dominant influence on the overall viral reduction. As a 351 

general rule, attachment determines the early reduction kinetics, whereas long-352 

term persistence is ruled essentially by mobile virus inactivation, detachment, and 353 

markedly by immobile virus inactivation. 354 

 355 

Figure 3. Influence of reaction coefficients 𝑲𝑲𝒂𝒂𝒂𝒂𝒂𝒂,𝑲𝑲𝒅𝒅𝒅𝒅𝒅𝒅, 𝝁𝝁𝒍𝒍, and 𝝁𝝁𝒔𝒔 on virus breakthrough curves (C/C0) 356 
for the fully kinetic model. A) Numerical simulations (3 m downstream of the injection point, 11-day 357 
injection pulse). The amplitude of variations of the parameters is one-log greater (dotted lines) and 358 
less (solid lines) than the reference model (except for 𝑲𝑲𝒅𝒅𝒅𝒅𝒅𝒅 for which only the lower limit is presented 359 
because of mathematical limits). The reference model values are 𝑲𝑲𝒂𝒂𝒂𝒂𝒂𝒂 = 𝟏𝟏/𝒅𝒅,  𝑲𝑲𝒅𝒅𝒅𝒅𝒅𝒅 = 𝟎𝟎.𝟏𝟏/d, 𝝁𝝁𝒍𝒍 =360 
𝟎𝟎.𝟏𝟏/d, 𝒂𝒂𝒂𝒂𝒂𝒂 𝝁𝝁𝒔𝒔 = 𝟎𝟎.𝟏𝟏/d; the flow parameters are 𝒗𝒗 = 𝟎𝟎.𝟏𝟏 m/d, 𝜶𝜶 = 𝟐𝟐 m, 𝒂𝒂𝒂𝒂𝒂𝒂 𝜽𝜽 = 𝟎𝟎.𝟑𝟑. ). B) 361 
Schematic of the theoretical influence of the reaction coefficients on virus breakthrough curves. 362 

3.2. Analytical validation 363 

Our kinetic reactive transport model, also referred to as the mobile–immobile fully 364 

kinetic model, does not have a published analytical solution; however, Toride et al. 365 
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(1995) offer a generic form, referred to as the two-site equilibrium/kinetic sorption 366 

model. The solution assumes 1) equal attachment and detachment coefficients; 367 

and 2) the inactivation coefficients for the mobile and immobile virus phases are 368 

equal. This one-dimensional analytical model considers a distribution function 369 

between kinetic (attachment–detachment) and equilibrium (Henry isotherm) 370 

sorption sites. Although this sorption model was designed for pesticide transport, 371 

we use it for validation because its implementation in FEFLOW is very similar to the 372 

full kinetic model used for viruses. The simulation was carried out for a 300-day 373 

pulse source. Results are given in Fig. 4 for breakthrough curves at a distance of 374 

10 m from the source and for various inactivation rates—expressed in terms of the 375 

dimensionless parameter Ψ = 𝜇𝜇 · 𝐿𝐿/𝑣𝑣, where 𝐿𝐿 and 𝑣𝑣 are the distance and pore 376 

velocity, respectively. Interestingly, the numerical code reproduces the theoretical 377 

response appropriately, as predicted by the analytical solution of Toride et al. 378 

(1995) for both short- and long-term transport. 379 

 380 

Figure 4. Comparison of simulated breakthrough curves obtained using numerical and analytical 381 
solutions for the two-site equilibrium/kinetic sorption model. 𝛹𝛹 = 𝜇𝜇. 𝐿𝐿/𝑣𝑣 is a dimensionless 382 
parameter. Modified from Diersch (2014). 383 
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3.3. Field experimental validation 384 

To our knowledge, only three studies have reported on experimental data sets of 385 

virus transport under actual aquifer conditions: Bales et al. (1995), Schijven et al. 386 

(1999), and Blanford et al. (2005). We selected the data set of Schijven et al. (1999) 387 

to validate our model, as their study was carried out in fully saturated media, and 388 

the data sets are of high quality. Schijven et al. (1999) analyzed the short- to long-389 

term propagation of MS2 and PRD1 pulses injected into a sandy aquifer by 390 

monitoring breakthrough curves in six wells. Their test duration was 120 days, and 391 

the monitoring wells were spatially distributed along the linear flow path starting 392 

from the injection well and constrained by a far-field high-rate pumping well (63 m, 393 

330 m3/h). Sampling in monitoring wells relied on a low-flow pumping method (4 394 

L/min). The granular aquifer was composed of a 10 m thick, high-hydraulic 395 

conductivity (est. 12 m/d), grossly homogeneous and isotropic, eolian dune sand 396 

layer, which overlays a low hydraulic conductivity (4 m/day) fine grain sand layer 397 

(unpumped). The pulse injection involved maintaining a constant virus 398 

concentration within a 10 × 15 m recharge compartment over 11 days (see 399 

Schijven et al., 1999 for details). Note that the virus injection from the surface over 400 

a 150 m2 area is spatially diffuse rather than a punctual source at the scale of the 401 

experiment. This diffuse sourcing may smooth the shape of the peaks measured 402 

in vertical monitoring wells. Schijven et al. (1999) estimated flow and transport 403 

parameters through an inverse approach using tracer breakthrough curves. To 404 

estimate the viral transport parameters, Schijven et al. used a fully kinetic reactive 405 

model identical to ours. The mobile viral inactivation coefficient 𝜇𝜇𝑙𝑙  was measured 406 

from direct batch experiments, 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎 and 𝜇𝜇𝑠𝑠 were derived from inverse calibrations 407 

of some chosen segments of breakthrough curves with ad hoc analytical solutions 408 

making linear postulates. Finally, 𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑 was estimated by inverse calibration using 409 

an unpublished analytical solution modified from the abovementioned generic 410 

solution given by Toride et al. (1995). 411 



19 
 

Here, we calibrate the numerical model using input parameter values equal to 412 

those of Schijven et al. (1999), except for the attachment rate (set here at 1.5 per 413 

day rather than 4 per day). We obtained results for MS2 at four wells (Fig. 5). The 414 

observed long tails are highly characteristic of kinetic transport models, as 415 

explained above, and the numerical model correctly reproduces this tail. Such 416 

predictions of persistent low virus concentrations after long residence times fit very 417 

well with the observations in the three wells closer to the source. We lack long-418 

term data for the fourth well (10 m); however, we can observe a departure from the 419 

theoretical curve before 50 days, which may be attributed to spatially inconsistent 420 

reactive parameters (kinetic coefficients). This may reflect either changes in the 421 

physical properties of the solid medium or changes in the physicochemical 422 

properties of the groundwater (Jin and Flury, 2002). The poorer fit in the short-term 423 

(syn-peak segment) observed in Fig. 5 relates to divergent configurations of the 424 

source sensu stricto rather than to transport. As mentioned above, the 425 

experimental process involves viral infiltration into the aquifer over a large surface 426 

area, which likely induces deformations of the peak’s shape. Moreover, viral 427 

concentrations vary by half an order of magnitude because of experimental 428 

variability (Schijven et al., 1999). In contrast, for our validation work, the numerical 429 

model includes a Neuman-type source, i.e., fixed mass flux, for optimizing model 430 

fit, in the form of a discrete Boolean function with three levels: zero mass flux (t < 431 

0), constant mass flux (0 < t < 11 d), and zero mass flux (t > 11 d). 432 

 433 
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 434 

Figure 5. Comparison of modeled and measured MS2 breakthrough curves of field test experiment 435 
(Schijven et al., 1999). The simulation parameters are 𝑣𝑣𝐷𝐷 = 0.5 m/d, 𝛼𝛼 = 0.01 m, 𝜃𝜃 = 0.35, 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎 =436 
1.26 /d,  𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑 = 0.0008 /d, 𝜇𝜇𝑙𝑙 = 0.03 /d, 𝑎𝑎𝑎𝑎𝑎𝑎 𝜇𝜇𝑠𝑠 = 0.09 /d. 437 

3.4. Laboratory experimental validation 438 

We also applied the laboratory experiments of Torkzaban et al. (2006) to provide 439 

additional model validation. The experimental setting is a continuous-flow, 23-cm-440 

long column of saturated sand. Torkzaban et al. (2006) performed an inverse 441 

calibration of attachment and detachment coefficients using a numerical 1D 442 

mobile–immobile fully kinetic type model analogous to ours. We used the exact 443 

values provided in Torkzaban et al. (2006) to validate our model. The results, 444 

displayed in Fig. 6, show that the numerical model reproduces the experimental 445 

data perfectly. 446 
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 447 

Figure 6. Comparison of the modeled and measured MS2 breakthrough curves of the laboratory 448 
sand-column experiment (Torkzaban et al., 2006). The simulation parameters are 𝒗𝒗𝑫𝑫 = 𝟒𝟒.𝟎𝟎𝟎𝟎 m/d, 449 
𝜶𝜶 = 𝟎𝟎.𝟎𝟎𝟎𝟎𝟎𝟎 m, 𝜽𝜽 = 𝟎𝟎.𝟒𝟒𝟒𝟒, 𝑲𝑲𝒂𝒂𝒂𝒂𝒂𝒂 = 𝟎𝟎.𝟎𝟎𝟎𝟎𝟎𝟎 /d,  𝑲𝑲𝒅𝒅𝒅𝒅𝒅𝒅 = 𝟏𝟏𝟏𝟏.𝟔𝟔𝟔𝟔 /d, 𝒂𝒂𝒂𝒂𝒂𝒂 𝝁𝝁𝒍𝒍 =  𝝁𝝁𝒔𝒔  = 𝟎𝟎.𝟎𝟎𝟎𝟎𝟎𝟎 /d. 450 

4. RESULTS 451 

4.1. Selection of kinetic reaction coefficients 452 

The reaction coefficients for the attachment, detachment, and inactivation of the 453 

mobile and immobile viruses are calibrated using values estimated from the 454 

scientific literature (Fig. 7). The kinetic coefficients for the attachment, detachment, 455 

and immobile virus inactivation are obtained by the inversion of temporal and 456 

spatial series of concentrations measured in saturated sand-column laboratory 457 

experiments, except for an in situ study by Schijven et al. (1999), which used kinetic 458 

reactive transport analytical and numerical models. In contrast, the inactivation 459 

kinetic of mobile virus is measured directly using batch tests (no flow) or chamber 460 

studies (continuous flow; Azadpour‐Keeley and Ward, 2005), which explains the 461 

higher number of references. Methodological biases and differences among the 462 
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tested viruses produce a highly variable output. Methodological bias initially occurs 463 

through the differing conditions of the batch experiments: water temperature, pH, 464 

ionic strength, and the presence or absence of sandy or loamy material in the batch 465 

reactors (unspecified in Fig. 7). In the latter case, it is suspected that inactivation 466 

coefficients are overestimated, as the measured kinetic rate is not only the 467 

inactivation rate but rather corresponds to the total effective reduction rate, which 468 

includes attachment, detachment, and immobile virus inactivation. Marked 469 

discrepancies are also observed between the only two studies that estimated the 470 

four kinetic coefficients (𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎, 𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑, 𝜇𝜇𝑙𝑙 , and 𝜇𝜇𝑠𝑠) by inversion of field test data 471 

(Schijven et al., 1999) and column test data (Frohnert et al., 2014). In similar 472 

inversion models, the kinetic coefficients estimated through field tests are 473 

systematically lower than those estimated via a column test, with major differences 474 

between inactivation coefficients (2–3 log) and a marked difference between 475 

detachment coefficient values (up to 4 log, see Fig. 7). Estimates from Schijven’s 476 

field test give 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎/𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑 ratios up to 4 500 for the MS2 and PRD1 viruses, which are 477 

disproportionately higher than the ratios (0.5 and 20, respectively) obtained by 478 

Frohnert et al. (2014) using a lab column test with PhiX174. These discrepancies 479 

may be attributed to 1) real aquifer pore conditions versus the ideal homogeneous 480 

sand column; 2) methodological imprecision (curve-fitting process); or, at least 481 

partly, 3) natural variability (virus types, groundwater properties). Regardless, 482 

kinetic coefficient estimates from the field tests of Schijven et al. (1999) are 483 

considered more realistic and are used hereafter as benchmarks for calibrating the 484 

model. 485 
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 486 

Figure 7. Compilation of published reactions kinetic coefficients estimated from experiments. The 487 
inverse method is a curve-fitting using kinetic reactive models. (Additional references: O’Brien and 488 
Newman, 1977; Hurst et al., 1980; Keswick et al., 1982; Yates et al., 1985; Powelson et al., 1991; 489 
Nasser et al., 1993; Sobsey et al., 1995; Blanc and Nasser, 1996; Jin et al., 1997; Nasser and Oman, 490 
1999). 491 

This compilation highlights the serious methodological challenges explaining the 492 

lack of quantitative constraints on determining viral reduction under actual 493 

subsurface transport conditions, particularly the implied kinetics of the distinct 494 

reactions. Despite the major discrepancies among the published values, we do 495 

note the following trends: 1) the inactivation of immobile viruses is greater or 496 

sensibly equal to the inactivation of mobile viruses; and 2) the variability of the 497 

immobile/mobile inactivation coefficients ratio is low (within an order of magnitude). 498 
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4.2. Penetration and persistence of viral pulses in saturated porous media 499 

We investigated the dynamics of attenuation and propagation of viral pulses in 500 

saturated porous media using a systematic analysis (Monte Carlo process, 1 200 501 

runs) of the interdependent influences of the four input kinetic parameters, namely 502 

attachment, detachment, and mobile and immobile virus inactivation coefficients, 503 

respectively, 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎, 𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑, 𝜇𝜇𝑙𝑙, and 𝜇𝜇𝑠𝑠. This analysis highlights an extreme variability of 504 

virus behavior as a consequence of the high variability of the values of these 505 

coefficients reported from experimental works (Fig. 7). For example, for values of 506 

hydrodynamic parameters typical of a sandy aquifer (Darcy velocity equal to 0.1 507 

m/d and 30% porosity), the reduction of the viral peak after 300 days varies from 1 508 

to 15 log at a penetration between 1 and 60 m. The penetration of virus pulses is 509 

influenced in the first instance by the 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎/𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑 ratio, whereas it is less affected by 510 

𝜇𝜇𝑙𝑙 and 𝜇𝜇𝑠𝑠. For the same configuration of hydrodynamic parameters as above, low 511 

𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎/𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑 (below 10) models predict peak penetration between 10 and 60 m, 512 

whereas it remains below 5 m for ratios higher than 100. In contrast, 𝜇𝜇𝑠𝑠 exerts a 513 

marked positive influence on reducing viral peaks (Figure 8). For values of 𝜇𝜇𝑠𝑠 as 514 

low as 0.001 /d, peak attenuation after 300 days is very low (less than 4 log), 515 

regardless of the value of 𝜇𝜇𝑙𝑙. 516 
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 517 

Figure 8. Influence of the immobile virus inactivation coefficient on the reduction of viral peaks and 518 
viral penetration within the porous medium. The tracer is a nonreactive, purely advective–dispersive 519 
transport. The simulation parameters are 𝑣𝑣𝐷𝐷 = 0.1 m/d, 𝛼𝛼 = 2 m, 𝜃𝜃 = 0.3, 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎 = 0.1 /d, and  𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑 =520 
0.01 /d. 521 

It is worth noting that, beyond these overall trends, the dynamics of viral subsurface 522 

reactive transport are nonlinear, and the reactions are strongly interdependent. For 523 

instance, the effect of immobile virus inactivation on peak reduction increases with 524 

the 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎/𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑 ratio. This pattern occurs because a significant accumulation of 525 

immobile viruses is retained within the solid medium during the passage of the 526 

pulse owing to a high 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎. This retention implies a minimal release of viruses into 527 

the fluid by detachment because of a low 𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑, such that immobile virus 528 

concentrations are maintained and their inactivation determines the long-term 529 

release potential into the fluid. In cases where the 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎/𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑 ratio is high and 𝜇𝜇𝑠𝑠 is 530 

low—a realistic configuration according to field experiments by Schijven et al. 531 

(1999)—the lack of significant inactivation of the attached immobile viral load 532 
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generates the protracted release of viruses into the fluid, thus leading to their 533 

persistence in the aquifer, although at low concentrations. Such a low residual virus 534 

concentration in groundwater has been observed previously in experimental 535 

breakthrough curves (Blanford et al., 1995); we submit that it is the direct 536 

consequence of protracted viral detachment with low immobile inactivation 537 

kinetics. Although these residual concentrations are strongly reduced, the impact 538 

on health risk can remain non-negligible, as explained below. 539 

The release of a viral load into a fluid by detachment occurs predominantly directly 540 

upstream of the peak—where large concentrations of immobile virus may have 541 

been attached during the passage of the pulse. This release by detachment is 542 

prone to producing a retarding effect on the pulse propagation and markedly 543 

restrains its penetration into the aquifer. In extreme cases where high attachment 544 

combines with limited immobile inactivation, this phenomenon may generate an 545 

apparent retrograde transport during the weeks following the viral pulse infiltrating 546 

from wastewater disposal fields, as in figures 8 (dotted line) and 9. The 547 

decomposition analysis of mass transfer budgets (see Fig. 10) provides visual 548 

evidence that such a delaying effect is caused by specific conditions upstream of 549 

the peak (blue arrow in Fig. 10), where the reaction budget increases and even 550 

becomes positive (dark blue curve in Fig. 10) because of the predominance of 551 

positive mass transfers by detachment over negative mass transfer by attachment 552 

combined with mobile inactivation. An apparent reverse transport effect occurs 553 

when this positive balance (dark blue curve) is even greater than the negative mass 554 

transfer by transport (dark green curve), such that storage is positive (Fig. 10). 555 
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 556 

Figure 9. Simulation pulse propagation for A) virus and B) tracer. The color chart is an equal range 557 
type (recalculated at each step for visual quality purposes; uncharted green to blue colors 558 
correspond to low to null concentrations, respectively. Note the apparent retrograde movement of 559 
viruses (20–30 days) reflecting the release (detachment) of previously attached viruses on the back 560 
of the peak. Pulses are injected at the left-hand boundary. The tracer is a nonreactive, purely 561 
advective–dispersive transport. The simulation parameters are 𝑣𝑣𝐷𝐷 = 0.1 m/d, 𝛼𝛼 = 2 m, 𝜃𝜃 = 0.3, 562 
𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎 = 0.1 /d,  𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑 = 0.01 /d, 𝜇𝜇𝑙𝑙 = 0.1/d, and 𝜇𝜇𝑠𝑠 = 0.001/d. 563 
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 564 

Figure 10. Mass transfer budget decomposition along the longitudinal profile after 25 days (same 565 
model as shown in Fig. 9). Transport mass changes (T) are by advection and dispersion. Only the 566 
inactivation of mobile viruses (I) is considered. The storage gain or loss corresponds to the balance 567 
of transport and reactions (T – [A + I – D]). 𝐶𝐶∗ (gray line) and 𝑆𝑆∗ (black line) are respectively mobile 568 
and immobile virus concentrations normalized to the source concentration (𝐶𝐶0). Mass transfers are 569 
in d−1. 570 

This systematic analysis of virus transport dynamics controlled by reaction kinetics 571 

highlights that 1) the detachment-induced release of viruses into the fluid, 572 

upstream of the peak, induces a delay that may be marked or protracted 573 

depending on the kinetic parameters of the immobile phase, namely, the immobile 574 

inactivation and detachment; 2) the long-term persistence of viruses in 575 

groundwater is essentially determined by these two kinetic parameters of the 576 

immobile phase, which corroborates the slope of the viral BTC tail being 577 

proportional to 𝜇𝜇𝑠𝑠, as explained above). The consequence is the generation of 578 

residual viruses having potential health risks, as discussed further below; and 3) 579 

most importantly, in light of such high sensitivity of subsurface viral peak 580 
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penetration and persistence of kinetic parameters, the insufficient amount of 581 

quantitative knowledge demonstrated above prevents a robust prediction of the 582 

fate of viruses in aquifers. An improved determination of viral kinetic parameters 583 

from field experiments is thus an essential research priority. 584 

4.3. Health risk sensitivity to kinetic reaction coefficients 585 

The sensitivity approach quantifies the influence of changes in the model’s input 586 

parameters on target output parameters (see the detailed description in Doherty, 587 

2015, 2018). Such a methodology typically aims to compare the relative 588 

sensitivities of selected input parameters and, in doing so, decipher those 589 

parameters controlling the phenomenon of interest. Annual health risk 590 

predictions— the output parameter—are modeled for various values of kinetic 591 

reaction coefficients—the input parameters—within the ranges of the experimental 592 

values compiled in Figure 7. Figure 11 presents the resulting values relative to the 593 

standard regulatory benchmarks of 10−4 risk (1 infection/104 persons/year) and a 594 

30 m setback distance, the default regulation in most western countries. A danger 595 

zone is present where the health risk exceeds the 10−4 regulatory target. We define 596 

six scenarios (Table 1) to cover the real-world behavior variability (viral resistance 597 

and kinetic parameters). In model 1, the low 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎/𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑 ratio associated with low 598 

inactivation coefficients produces a maximum pulse penetration into the aquifer 599 

and minimal reduction, leading to maximum risk. Other models represent 600 

intermediate to low virus persistence and penetration, including the experimental 601 

values from Schijven et al. (1999). 602 

Table 1. Kinetic reactions coefficient used in the models. 603 
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 604 

Within the real-world ranges of viral kinetic coefficients (and realistic flow 605 

parameters), the annual risk variability is marked and may likely exceed health 606 

standards. Models parameterized for maximum virus persistence (models 1 and 6) 607 

predict that attaining the 10−4 risk threshold requires a regulatory distance greater 608 

than 30 m: respectively, 47 m and >>100 m (not presented in Fig. 11). In the 609 

extreme case of model 1, the predicted risk remains 100% at 100 m. This model 610 

illustrates conditions where the attachment–detachment dynamics are ineffective 611 

in immobilizing the viruses on the solid medium, which results in the deep 612 

penetration of the viral pulse into the aquifer (85 m after 1 year versus 121 m for a 613 

nonreactive tracer), combined with very slow virus die-off kinetics (2 log reduction 614 

of the peak after 1 year). As explained above, such conditions have not been 615 

observed, although they are possible. Models 2 and 3, parameterized respectively 616 

using the MS2 and PRD1 properties estimated by Schijven’s field test, predict 617 

100% risk below 10 m and a rapid decrease, reaching the 10−4 target after 15 m. 618 

Note that the Darcy velocity used for this sensitivity analysis is significantly less 619 

than that of the Schijven et al. experiment (0.1 versus 1.57 m/d), such that the 620 

experiment’s actual risk estimate is expectedly much higher (see the section below 621 

discussing the Darcy velocity sensitivity analysis). 622 
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 623 

 624 

Figure 11. Simulation results for annual health risk predictions as a function of setback distances 625 
for selected values of kinetic reaction coefficients (see Table 1). The simulation parameters are 626 
𝑣𝑣𝐷𝐷 = 0.1 m/j, 𝛼𝛼 = 2 m, and 𝜃𝜃 = 0.3. The shaded zone with a warning symbol corresponds to a health 627 
risk exceeding the 10−4 threshold of the regulatory setback distances, i.e., the danger zone. 628 

The sensitivity of annual health risk models to viral attachment and detachment 629 

input values is illustrated in Fig. 12 for a 30 m benchmark setback distance. This 630 

analysis illustrates that the risk is essentially determined by attachment rather than 631 

detachment, within the range of experimental values compiled in Fig. 7. As 632 

expected, attachment is positively related to risk, whereas detachment shows a 633 

negative relationship to risk. Moreover, below 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎 = 1 /d, the risk at 30 m is greater 634 

than the 10−4 threshold regardless of the detachment coefficient. In contrast, risk 635 

is always low for 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎 values of 8/d or more. Between these two values, the 636 

detachment coefficient exerts a non-negligible influence on risk, albeit it is less 637 

sensitive than the attachment coefficient. This interpretative framework is 638 
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nonuniversal and depends on the values set for mobile and immobile virus 639 

inactivation coefficients—in this case, both are identical at 0.01 /d—although these 640 

parameters exhibit low variability (Fig. 7) and are likely not a significant source of 641 

imprecision. Figure 12 reveals the difficulty of rigorously quantifying the individual 642 

sensitivity of reaction coefficients because of their interdependence. Indeed, the 643 

sensitivity value for attachment, as given by the log ratio of change in 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎 to the 644 

change in induced risk, increases with 𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑. The 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎  sensitivity, defined as the log-645 

scale change in the risk value (output) induced by a one-log change in 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎 (input), 646 

is equal to 16 at 𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑 = 10−3/d and 23 at 𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑 = 10−1/d. In turn, the 𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑 sensitivity 647 

is between 10 and 11 for 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎 within 0.1 to 10/d. 648 

 649 

Figure 12. Sensitivity of annual health risk at a 30 m setback distance to attachment and detachment 650 
coefficient input parameters. The simulation parameters are 𝑣𝑣𝐷𝐷 = 0.1 m/d, 𝛼𝛼 = 2 m, and 𝜃𝜃 = 0.3. 651 
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4.4. Health risk sensitivity to the hydraulic gradient and hydraulic 652 

conductivity 653 

The effects of the flow parameters of hydraulic gradient 𝑖𝑖 [-] and conductivity 𝐾𝐾 654 

[L·T−1] are expressed interchangeably in terms of the Darcy velocity 𝑣𝑣𝐷𝐷, following 655 

Darcy’s law 𝑣𝑣𝐷𝐷 = −𝐾𝐾 · 𝑖𝑖. These parameters determine the advection term of 656 

transport. Darcy velocity is the groundwater volumetric flow through a unit 657 

transmissive surface; it is proportional to the pore velocity 𝑣𝑣 as 𝑣𝑣𝐷𝐷 = 𝑣𝑣 · 𝜃𝜃, where 𝜃𝜃 658 

is the porosity. The hydraulic gradient used in the models varies between 0.001 659 

(plains) and 0.1 (mountains), and the hydraulic conductivity values used in the 660 

models range between 10−6 and 10−3 m/s (0.0864–86.4 m/d), which grossly 661 

encompasses surficial hard rock aquifers and sandy, granular aquifers. In the case 662 

of hard rock aquifers, a distinction should be made between the rock mass 663 

conductivity of minor fracture networks, which behave similarly to a continuous 664 

porous medium (Ferroud et al., 2019), and the conductivity of discrete fault drains, 665 

which may be extremely high (e.g., Worthington et al., 2016). The upper range of 666 

10−3 m/s retained in this study aims to include the conductivity in discrete drains. 667 

Thus in our models, we use values of 𝑣𝑣𝐷𝐷 that range from 8.64 × 10−5 to 8.64 m/d to 668 

encompass the natural variability of the hydraulic gradient and conductivity 669 

parameters. The temporal and spatial time series of virus concentrations obtained 670 

from simulations are converted into annual health risk values through the above-671 

described methodology. 672 

 673 
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 674 

Figure 13. Simulation results for the influence of Darcy velocity 𝑣𝑣𝐷𝐷 on the annual health risk 675 
predictions for selected values of kinetic reaction coefficients (see Table 1). A) Risk as a function 676 
of setback distances for various values of 𝑣𝑣𝐷𝐷 (variations by a factor 0.5 log); B) risk at 30 m setback 677 
distance as a function of 𝑣𝑣𝐷𝐷. The simulation parameters are 𝛼𝛼 = 2 m and 𝜃𝜃 = 0.3. The shaded area 678 
with a warning symbol corresponds to a health risk exceeding the 10−4 threshold, i.e., danger zone. 679 

Figure 13A presents the risk−distance diagram for various Darcy velocities 680 

between 8.64 × 10−3 and 0.864 m/d for two distinct sets of viral reaction coefficients. 681 

These data are for models 2 and 4 (Table 1), the MS2 values of Schijven et al.’s 682 

field experiment, and an intermediate virus resistance configuration, respectively. 683 

This analysis demonstrates an extreme sensitivity of the annual health risk to 𝑣𝑣𝐷𝐷, 684 

i.e., to hydraulic gradient and conductivity. Therefore for the highest 𝑣𝑣𝐷𝐷(the viral 685 

pulse propagates rapidly via advection), the health risk decreases the slowest with 686 

distance from the viral source (the lowest slopes of curves in Fig. 13A). This pattern 687 

likely reflects the positive influence of velocity on pulse dispersion. The predictive 688 

risk simulations using a benchmark 30 m setback distance are displayed in Fig. 689 

13B for selected viral reaction coefficients: models 2, 4, and 6 (Table 1). The risk 690 

sensitivity to 𝑣𝑣𝐷𝐷 is illustrated as the stabilized slope of the curves (lower linear part). 691 

This figure demonstrates that this sensitivity is markedly high, around 25 log, and 692 

is obviously invariant in regard to the viral reactive properties. Thus, a 1-log 693 

increase in 𝑣𝑣𝐷𝐷 induces a massive 25-log increase in risk. Regardless of virus type 694 

and removal properties, the health risk is predominantly controlled by the 695 

hydrodynamic transport parameters of hydraulic gradient and conductivity. Figure 696 
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13B illustrates that for Darcy velocities greater than 1, i.e., any pore velocities 697 

greater than 3.3 m/d, assuming a porosity of 0.3 typical for sandy aquifers, the 698 

annual risk prediction is 100%. 699 

5. RESULTS AND DISCUSSION 700 

5.1. Sensitivity analysis limitations in nonlinear problems 701 

For the sensitivity analysis performed in this study, we allowed a relatively 702 

straightforward form in that the selected output—the health risk—is a unique and 703 

well-identified quantitative function. This output permitted the simple calculation of 704 

sensitivity as the log ratio between changes in the value of each input factor and 705 

the induced changes in the value of this unique output function. However, our 706 

approach is somewhat limited, and our results may be regarded as nonuniversal, 707 

as they do not account for the interdependence of the influences of input 708 

parameters. This is typical of nonlinear problems and leads to only partial 709 

sensitivities. For example, we observe that the effect of the immobile virus 710 

inactivation coefficient on the viral peak reduction (and the health risk) is enhanced 711 

by a high 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎/𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑. This enhancement occurs as high attachment rates combine 712 

with low detachment rates to produce sustained high concentrations of immobile 713 

viruses and hence high rates of immobile virus inactivation, which enhances the 714 

effect of this mechanism on the overall virus-reduction dynamics. Similarly, the 𝐾𝐾𝑎𝑎𝑎𝑎𝑎𝑎 715 

sensitivity markedly increases with 𝐾𝐾𝑑𝑑𝑑𝑑𝑑𝑑 as illustrated in Fig. 12. The partial 716 

sensitivities calculated in such cases are taken as the maximum sensitivities. In 717 

contrast, the sensitivity of the hydrodynamic input parameter 𝑣𝑣𝐷𝐷 is fairly invariable 718 

in regard to the reaction input parameters. Finally, the internal variability of 719 

sensitivities obtained for each parameter because of changes to another parameter 720 

are smaller than the overall differences between the sensitivities of distinct 721 

parameters (external variability) in such a manner that the obtained hierarchal 722 

importance of parameters influences is an unaltered, robust result. 723 
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5.2. Uncertainty of kinetic reaction coefficients 724 

We demonstrate that the current state of knowledge related to virus reaction 725 

coefficients limits our ability to produce robust predictions of virus-related health 726 

risks. Indeed, our models show that the variability in these coefficients (compiled 727 

from published experimental values) induces an extreme variability of viral peak 728 

penetration into aquifers (1–60 m) and reduction (1–15 log) and variability in the 729 

annual health risk at 30 m from virtually zero to 100%. The mobile virus inactivation 730 

coefficient in groundwater can be measured directly from batch tests; however, 731 

estimates for the three other mechanisms, namely, attachment, detachment and 732 

immobile virus inactivation, are much more complex, as they require applying an 733 

inverse method to temporal and spatial series for experimental data obtained either 734 

from continuous-flow sand columns or field tests. Such an approach permits 735 

measuring the complete set of four coefficients, which is, to our knowledge, 736 

currently available in only three studies. Consequently, a massive disparity exists 737 

between the state of knowledge for mobile virus inactivation and the three other 738 

coefficients. Moreover, numerous studies quantifying the mobile virus inactivation 739 

coefficient have submitted conclusive remarks on its variability and the influence 740 

of groundwater physicochemical properties. Such variability in natural 741 

environments may also be expected for the other three mechanisms, albeit it is 742 

unknown. Finally, significant methodological differences exist among the published 743 

experimental studies (Fig. 7). Improving our experimental knowledge of the viral 744 

kinetic reaction coefficients is a cornerstone for modeling the fate of viruses in 745 

aquifers. 746 

The lack of quantitative constraints on the correlative relationships between the 747 

four reaction coefficients limits model calibration. When scanning the full range of 748 

experimental variability, some configurations may be unrealistic because of the 749 

physical links between the mechanisms. Additional experiment-based constraints 750 
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of the four sets of coefficients are required to reduce this knowledge gap and 751 

uncertainty in the risk predictions. 752 

Our models show that, as a general rule, the long-term reduction in viral 753 

concentrations is determined mainly by immobile virus inactivation and, to a lower 754 

degree, by detachment. These are known as immobile phase parameters in that 755 

their rates are first-order functions of the immobile virus concentration (Eq. 6). The 756 

persistence of residual virus concentrations, which has been reported from field 757 

measurements (Blanford et al., 1995), is governed by these immobile phase 758 

parameters and is illustrated by the immobile inactivation coefficient determining 759 

the slope of the characteristic long trails of virus breakthrough curves (Fig. 3). As 760 

explained above, long-term residual virus concentrations (despite their low values) 761 

can affect the annual risk in a non-negligible fashion because risk is cumulative 762 

over time (eqs. 8 and 9). Here again, improving our understanding of these two 763 

immobile phase parameters is necessary for sound health risk assessment. 764 

5.3. Influence of the source concentration 765 

In this study, we held virus concentrations at the source of the models at 𝐶𝐶0 = 9.2 766 

log/L = 1.5 × 109 viruses/L. The concentration range estimated from calculations 767 

based on rotavirus concentrations in feces and their removal from septic systems 768 

is 4.9–0.9 log/L or 7.9 × 104 to 7.9 × 109 viruses/L. These estimates match well the 769 

3 to 10.9 log/L concentrations measured from clarified wastewater in septic effluent 770 

(Charles et al., 2003). We investigated the implications of the fixed 𝐶𝐶0 value on the 771 

models by quantifying the risk sensitivity to 𝐶𝐶0. Expectedly, this led to a unit 772 

sensitivity value, that is, 1-log variation in 𝐶𝐶0 induces 1-log variation in the risk 773 

prediction, all parameters being equal; a very low value relative to sensitivities 774 

greater than 20 was obtained for other input parameters. This suggests that 𝐶𝐶0 is 775 

not a significant source of uncertainty in the models. 776 
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5.4. Unassessed hydrogeological and environmental parameters 777 

Highly conductive flow media, such as fractured rocks, karst, sand–gravel aquifers, 778 

and steep hydraulic gradients typical of hilly landscapes are prone to the extensive 779 

penetration of viral pulses (Schijven and Hassanizadeh, 2000; Bhattacharjee et al., 780 

2002; Hlavinek et al., 2008; Masciopinto et al., 2008). More specifically, the issue 781 

of viral pulse reactive transport into fractured hard rock is complex because of the 782 

combination of extremely rapid pulse penetration and sustained viral 783 

concentrations associated with the delayed transfer between internal blocks and 784 

the drained fault or fracture. Internal blocks refer here to low-conductivity, high-785 

storage-capacity rock mass blocks separated by the major fracture drains, which 786 

are in contrast, high-conductivity, low-storage tabular flow domains that follow a 787 

typical conceptual model for fractured media. On the one hand, very rapid pore 788 

velocities in fracture and fault drains have been reported from field investigations 789 

(Novakowski et al., 2006): between 6 and 22 m/d (median 11 m/d, 8 790 

measurements) in fracture pathways isolated with packers (undisturbed hydraulic 791 

gradient) and between 2 and 388 m/d (median 55 m/d, 13 measurements) in non-792 

isolated rock mass fracture networks. These values agree with the compilation 793 

produced by Worthington et al. (2016) of 49 sink-to-spring tracer experiments in 794 

siliceous hard rock aquifers and a median 170 m/d. 795 

Given the marked sensitivity of risk to flow velocity predicted from our models, one 796 

can anticipate a very high risk level in fractured hard rock aquifers; this 797 

corroborates the epidemiological observations that identify these domains as being 798 

particularly vulnerable to contamination and health risks (e.g., Allen et al., 2017). 799 

This may be accentuated by delayed release effects between blocks and drains 800 

caused by their strongly contrasting conductive and storage properties. Such two-801 

speed responses are well known for pressure transfers (double porosity models); 802 

they are expected to also operate on mass transfers, leading to persistent viral 803 

concentrations in the aquifer. Beyond these qualitative statements, modeling the 804 
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fate of viruses within fractured hard rock remains poorly known and must be the 805 

focus of future studies. 806 

Conversely, some hydrogeological components are known (qualitatively) to act as 807 

barriers to viral propagation. The most effective barrier is the unsaturated zone 808 

because of the retention of viruses at the water–air interface (Bradford & 809 

Torkzaban, 2008) and the low pore velocity (low relative conductivity). This effect 810 

is not accounted for in our models, which conceptually consider the water table as 811 

being at the bottom of the seepage field. In most actual contexts—where an 812 

unsaturated zone lies deeper—our risk predictions based only on saturated 813 

transport will be significantly limited. The quantification of this reduction requires 814 

further investigation. 815 

Finally, epidemiologic studies note that rain events significantly influence viral 816 

occurrences in the subsurface (Bradbury et al., 2013; Hynds et al., 2014; Allen et 817 

al. 2017); however, our understanding of such a causal relationship remains 818 

qualitative. We do not account for this effect in our modeling, although this 819 

phenomenon would be expected to significantly affect mass transfers of viruses in 820 

the unsaturated zone. 821 

6. Conclusion 822 

Our reactive viral transport model can serve as a new tool and has produced 823 

insights into the transport of viruses within aquifers. Frohnert et al. (2014) first 824 

implemented a fully kinetic model using the HYDRUS 1D code, and these authors 825 

applied their model to reproduce and interpret their own experimental 826 

observations of virus transport in saturated columns. Their model was not validated 827 

by other experimental data, such as that from in situ tests conducted by Schijven 828 

et al. (1999). Our new model developed with the FEFLOW code is a novel approach 829 

that contributes to establishing a more comprehensive model validated by 830 

laboratory and field experimental results. Furthermore, this new model can predict 831 
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the risk of groundwater viral contamination and has demonstrated its utility as a 832 

powerful tool for performing prognostic investigations and sensitivity analyses. 833 

Prognostic exploitation of the model was designed to explore the dynamics of 834 

penetration and the persistence of virus pulses into aquifers. It exposes the 835 

complexity of viral reduction, where four kinetic reactions exert interdependent 836 

effects. Residual virus concentrations in groundwater occur due to transport slow-837 

down, favoured by attachment and detachment contrasted kinetics and a low 838 

immobile viruses inactivation rate. The sensitivity analysis of the transport model 839 

to hydrogeologic and biochemical input parameters shows that the hydraulic 840 

conductivity, the virus attachment rate and the immobile virus inactivation rate are 841 

first-order parameters exerting the most prominent influence on virus persistence 842 

in aquifers. Concomitantly, the virus concentration time and space series obtained 843 

from transport modelling are used to predict the annual health risk for water 844 

consumers within neighbourhood, into rural residential contexts supplied by 845 

individual private wells and following standard dose-response relationships. Such 846 

comprehensive methodology where reactive transport modelling is implemented 847 

with risk evaluation is original. It allows linking quantitatively the annual risk to the 848 

setback distances in regards to benchmark regulatory values. An important result 849 

is that within the range of values provided by the current state of knowledge on 850 

virus kinetic coefficients, the 30 m regulatory setback distance is critical into many 851 

real conditions where aquifers are conductive. Further in-situ experimental studies 852 

are required to improve constrains on virus kinetics, specifically the immobile virus 853 

inactivation and detachment rates which estimations exhibit obvious discrepancies 854 

due to methodological bias (in-situ vs. sand column), while they exert a deep 855 

influence on the fate of virus. 856 
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